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ABSTRACT 

 

Large herbivores are an important natural resource for humans, but a high proportion of 

these species are classified as globally endangered. Current declines of these species 

are mainly caused by unsustainable harvesting and land use loss or conversion. These 

processes frequently increase herbivore mortality rates, and alter a species' behaviour 

and local distributions. Because of their importance, humans frequently attempt to 

manage large herbivores to assure their sustainable use and effective protection. 

Nevertheless, these actions usually focus on managing and monitoring target species, 

neglecting possible side effect on other species or components of the environment. In this 

thesis, I focus on studying both environmental and anthropogenic effects on a large 

herbivore community that inhabits a seasonal, human-modified arid savanna. Firstly, I 

propose a method to automate monitoring body mass variation of large herbivores over 

time and use this to explore seasonal mass changes. The method permitted continual 

body mass monitor of three species over an 18-month period. Animals lost weight during 

the dry season and gained weight during the wet season, though interesting sex-specific 

variation in mass change phenology occurred.  Frequency of precipitation was the main 

predictor of annual mass variation. Such work has the potential to inform on the potential 

impacts of changing future climatic regimes on large herbivores. Secondly, I map the 

spatial abundance of 16 species using Distance Sampling and Density Surface Models. 

My results suggest that this highly diverse community of large herbivores can coexist in 

African savannas because they spatially differentiate their vegetation and water 

preferences within and between seasons.  I found that both target and non-target hunted 

species avoided human activities at my study site, suggesting that management activities 

in the area are perceived as a threat, and that hunting has impacts beyond target species. 

Finally, I use Structural Equation Modelling to assess the simultaneous effects of 

prescribed fire on tick abundance, grass volume and large herbivore abundance. My 

results show that ticks decline in number during the first 12 months after burning, but then 

rapidly return to previous densities. Burning vegetation has a longer-lasting effect on 

grasslands, and grass volume only returned to pre-burn levels after three to four years. 
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My findings highlight the need for conservation managers to monitor the effects of target 

actions to assess impacts on both focal and non-focal organisms as well as on the health 

of the wider ecosystem. Here I have presented a tool to monitor the day-to-day condition 

of the larger wild ungulates of African savanna systems, which could inform management 

activities (such as relocating animals, provision of additional resource etc) based on real-

time, empirical data. I have demonstrated that relatively inexpensive ground surveys can 

provide consistent, regular indices of the abundance of ungulate species. The role of 

human activities in altering herbivore use of the landscape indicates how reducing such 

activity might actually increase savanna ungulate carrying capacity. These findings, along 

with the more detailed understanding of the role of fires on the vegetation-grazer-parasite 

system that I present, should aid conservation managers and researchers in conserving 

such species, under both current and future scenarios. 
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1.1. Motivation 

Since the emergence of humanity, large herbivores have been an important natural 

resource for them (Bonavia, 2009). This group of animals, particularly ungulate species, 

has been the main source of animal protein, wool, hides and many other materials that 

humans have used to develop their societies. Today, as a group, large herbivores are 

highly threatened, with a high percentage of them classified as globally endangered 

(Ripple et al., 2015). Around 58% of large herbivores species have declining populations, 

and approximately 60% are listed as threatened with extinction (IUCN, 2013). Current 

declines are mainly caused by human-related threats, particularly human activities related 

to the unsustainable use or harvest of these species (Turvey and Crees, 2019). Hunting, 

competition with livestock and habitat loss due to land-use change, human 

encroachment, agriculture, and deforestation are the main human-related threats to the 

conservation of large herbivores (Ripple et al., 2015). These lead to increased mortality 

rates (Radovani et al., 2015) and alter behaviour and local distributions (Stankowich, 

2008). Climate change is another important threat for biodiversity conservation worldwide. 

Although climate change is a naturally occurring process that throughout earth history 

has caused mass extinction events, e.g. megafauna extinction in South America (Metcalf 

et al., 2016; Villavicencio et al., 2016), North America (Faith, 2011; Seersholm et al., 

2020) and Eurasia (Lister and Stuart, 2008), the current accelerated rate of change is 

now widely acknowledge to be fuelled by humans and their disproportionate use of natural 

resources. Through producing shifts and contractions of distribution ranges (Thomas et 

al., 2004; Borges et al., 2019) and changing species interactions (Cahill et al., 2012), 

climate change increases extinction risk of species. Current studies predict that extinction 

rates will increase in the future because of climate change (Urban, 2015; Davidson et al., 

2017). 

Because large herbivores are crucial to almost all healthy terrestrial ecosystems and 

human societies (Ripple et al., 2015), humans frequently attempt to manage their 

populations to assure their sustainable use and effective protection (Gordon et al., 2004). 

These actions mainly focus on improving survival and reproduction rates, and enhancing 

their environments through, for example, modifying and protecting feeding sites (Bothma 
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and du Toit, 2016; Weeber et al., 2020). Although these actions aim to benefit the target 

species, in some cases they could be detrimental to non-target species (Gallo and 

Pejchar, 2016), and can alter the balance of entire ecosystems (Apollonio et al., 2017; 

Speed et al., 2019). Managers tend to monitor the effects of their actions based solely on 

target species, often neglecting possible side-effects on other components of the 

environment. In this thesis, I focus on studying the effects of management actions, such 

as prescribed burning of vegetation, hunting, and human activity, on a large herbivore 

community that inhabits a seasonal and productive environment. My study system is a 

human-modified arid savanna of southern Africa, in which a highly diverse community of 

large herbivores are maintained for conservation and economic purposes. My mover-

arching study aims are (i) to investigate the potential to monitor ungulates in savanna 

systems, in terms of both their condition and their populations as a means of improving 

management recommendations, and (ii) to evaluate the impact of current management 

activities such as burning to control diseases and improve grass condition, as well as the 

impact of human presence during the course of such management, on ungulate 

distributions. With my research, I hope to contribute to the better understanding of the 

ecology of these animals in managed environments, specially the maintenance of 

ungulates in African savanna systems where they are an important component of wildlife-

based tourism in Africa. In this first chapter, I present and describe a general background 

to support my research, and then present, and briefly explain, the specific objectives of 

each of the studies that I present in my subsequent data chapters. 

 

1.2. Background 

1.2.1. African savannas 

Savanna habitats are typified by a mixture of grassland and scattered trees and can 

contain species typical of both grassland and woodland biomes (Hirota et al., 2011), and 

usually dominate the tropics along with forest systems (Higgins and Scheiter, 2012; 

Aleman, Blarquez and Staver, 2016). They typically comprise a low percentage cover of 

tall woody plants that are scattered among a grass layer that often contains numerous C-

4 species (Bouchenak-Khelladi et al., 2009). Although their dynamics differ between 
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continents (Koerner et al., 2014), savannas are maintained by seasonal fluctuations in 

precipitation and fire (Sankaran et al., 2005). Seasonally-limited precipitation acts to 

maintain savanna vegetation (Hirota et al., 2011; Lehmann et al., 2011), with increased 

precipitation leading to the formation of more continuous woody cover (Sankaran et al., 

2005). Fire also operates to limit the coverage of woody vegetation in savannas 

(Sankaran et al., 2008) and excessively frequent or intense fire can cause savanna to 

revert to grassland ecosystem (Staver et al., 2011). Herbivory is also important in 

maintaining savannas, with a similar effect to fire on vegetation, but typically with a lower 

impact (Staver et al., 2009). 

During the late Pleistocene (100K-10K years ago), African savannas occurred extensively 

in areas with low rainfall and high soil fertility (Owen-Smith, 2013). Increased humidity 

and declining temperatures during the subsequent Holocene Climate Optimum period 

(9,000 to 5,000 years ago) led to extended woodlands coverage, often at the expense of 

savanna habitat (de Vivo and Carmignotto, 2004). In the Late Holocene, which started 

2000 years ago, further changes in climate, fire regimes and anthropogenic impacts 

(Marlon et al., 2008) caused savannas to expand once again (Breman et al., 2012). 

Currently, savannas cover 20% of the Earth’s land (Lehmann, 2010) and can be classified 

as either stable or unstable (Sankaran et al., 2005). Stable savannas receive a mean 

annual precipitation (MAP) between 400 mm (Bucini and Hanan, 2007) and 650 mm 

(Sankaran et al., 2005), which limits woody encroachment and allows the habitat to 

persist. Unstable savannas usually occur when MAP is over 650 mm, which would usually 

promote woody cover (Sankaran et al., 2005). Consequently, in unstable savannas 

woody encroachment must be held in check by other factors, such as fire and herbivory 

(Bucini and Hanan, 2007). 

Due to continuous climate change (Scholze et al., 2006) and overexploitation of savanna 

ecosystems (Foley et al., 2005), their stability can be uncertain (Breman et al., 2012). 

Increases in atmospheric CO2 during the 20th century are thought to have promoted the 

encroachment of woody vegetation in South African savannas (Midgley and Bond, 2015). 

It is predicted that this woody encroachment will continue for the next 200 years, driven 

by changes in temperature and precipitation (Scholze et al., 2006). In addition, for 
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centuries people have altered savannas and artificially extended their coverage (Bayon 

et al., 2012; Rohde and Hoffman, 2012) by using them for livestock grazing, crop 

production (Mbow et al., 2000) and tourism. 

 

1.2.2. Fire in savannas 

Fire is one of the most influential abiotic factors shaping vegetation (Bowman et al., 2009), 

being comparable to herbivory in its impact in some systems (Bond and Keeley, 2005) 

and being necessary for the maintenance of some ecosystems (Beckage et al., 2009). 

For example, fire can control woody encroachment and promote the proliferation of fire-

tolerant vegetation in savannas (Uys et al., 2004; Ekblom and Gillson, 2010). However, 

fire can sometimes exceed tolerance thresholds (in either intensity or frequency), even 

for fire-tolerant species, resulting in detrimental impacts (Zida et al., 2005) and declines 

in plant diversity (Palmer et al., 2008). Changes in vegetation structure caused by fire 

have been observed in some savanna systems to last for just a few years before returning 

to pre-burn conditions (Owens et al., 2002; Sankaran 2005). However, changes in the 

frequency of fire regimes could have longer-term effects on nitrogen and carbon cycles 

(Coetsee et al., 2010). 

Intrinsic characteristics that have been used to define a fire regime include the size, 

frequency (occurrence of fire over a time period of interest), intensity (the energy 

released), seasonality and extent of fires (Bond and Keeley, 2005; Archibald et al., 2013). 

These characteristics are controlled by factors such as climate, vegetation (biomass, 

dryness and structure), herbivory (Johnson, 2009) and human activities (Govender et al., 

2006; Archibald et al., 2013). Both direct precipitation and moisture contained within 

vegetation affect the intensity, patchiness (Slocum et al., 2003) and spatial extent (Holdo 

et al., 2009) of fire regimes. By contrast, herbivores tend to affect fire regimes by changing 

the availability of fuel loads (Johnson, 2009). 

The most important factors determining the extent of savannas are fire frequency and 

human population (Bucini and Hanan, 2007). People have historically modified savannas 

fire regimes for their convenience (Bond and Keeley, 2005). African fossil records indicate 
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that increases in savanna cover and changes in fire regimes were related to human 

occupancy as far back as the Iron Age (Bayon et al., 2012). The main motivation of 

humans to burn savannas are to limit woody encroachment (Uys et al., 2004), to increase 

productivity of the grass layer (Sensenig et al., 2010) and to control parasites that affect 

livestock and humans (Cully, 1999). 

 

1.2.3. Ungulates of the African Savanna 

The high diversity of African ungulates that have persisted since the start of the Holocene 

are thought to have been driven by changes in climate (de Vivo and Carmignotto, 2004) 

and vegetation (Bouchenak-Khelladi et al., 2009) that increases environment 

heterogeneity during that period. This diversity is considered to have been maintained by 

the impact that these species have on the vegetation. The impact of African ungulates on 

vegetation depends upon their body size (Cumming and Cumming, 2003) and their 

feeding strategy (Bothma and du Toit, 2016). Ungulates have been shown to increase 

vegetation heterogeneity (Holdo et al., 2009; Johnson, 2009; Goheen et al., 2010), which 

generates niche opportunities for other species (Hobbs, 1996; Ripple et al., 2015). 

Vegetation heterogeneity and landscape complexity (Venter et al., 2014) allow ungulates 

with different body sizes and body plans (Illius, 1997), both generalists and specialists 

(Woolnough and du Toit, 2001; Codron et al., 2007), to coexist with minimum competition 

(de Iongh et al., 2011). For example, tall trees in savannas allow giraffes Giraffa 

camelopardalis to feed without competing with smaller ungulates (Cameron and du Toit, 

2007). When plant diversity declines, interspecific competition between large herbivores 

increases (de Iongh et al., 2011), leading to reduced vegetation quality (Stӓhli et al., 

2015). By contrast, declining ungulate diversity in savannas can result in changes to 

vegetation structure (Koerner et al., 2014), as well as changing community interactions 

(e.g mutualistic and antagonistic interactions between arthropods and plants [Palmer et 

al., 2008]). 

The impact of wild ungulates on livestock (e.g. in terms of food competition and ticks and 

disease transmission) is somewhat uncertain. Odadi et al. (2011) found that competition 
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occurred only during the dry season. Parasite and disease transmission are not related 

to livestock-wild ungulate interactions (Cully, 1999; de Garine-Wichatitsky, 2002; 

Wesonga et al., 2006) and are better explained by vegetation cover (Cully, 1999) and 

taxonomic kinship (Romero-Castañón et al., 2008; Clifford et al., 2009). 

 

1.2.4. Seasonal variation of body condition in large herbivores 

Body condition of large herbivores inhabiting seasonal environments is affected by 

seasonal variation of resources (Ogutu et al., 2008; Marshal et al., 2012; Herfindal et al., 

2014; Kornél and Lanszki, 2017; Lombardini et al., 2017). Variations of precipitation in 

particular can lead to changes in the availability of water and green vegetation, which are 

critical resources for large herbivores (Parker et al., 2009). These seasonal cycles of 

scarcity and abundance of resources can provoke seasonal changes in body mass of 

individuals. Resource scarcity has been shown to affect reproduction (Green et al., 2017; 

Newbolt et al., 2017; Peláez et al., 2017), survival (Parker et al., 2009), behaviour (Li, 

2013; Brivio et al., 2014), parasite load (Debeffe et al., 2016) and home range size (Ofstad 

et al., 2016) in mammals. To maximize their fitness, large herbivores inhabiting seasonal 

environments have adapted to such seasonality by minimizing energy expenditure during 

periods of scarcity, e.g. only giving birth and mating when resources are abundant (Côté 

and Festa-Bianchet, 2001; Paoli et al., 2018), or by migrating when resources are scarce 

(Loarie et al., 2009; Killeen et al., 2014; Debeffe et al., 2017; Barker et al., 2019). 

 

1.2.5. Fire regime effects on ungulate distribution 

Fire can also serve to decrease densities of natural enemies of ungulates (e.g. predators 

[Riginos and Grace, 2008]; ticks [Cully, 1999]) and to increase habitat quality for grazers 

(Sensenig et al., 2010; Burkepile et al., 2013). Fire can result in lower local predator 

densities through removing the vegetation cover require for stalking and hunting (Riginos 

and Grace, 2008). A reduced tick burden can also result from changes in the woody 

vegetation cover (Gallivan and Horak, 1997). These reductions in ticks can allow 

ungulates to increase their numbers in more regularly burned environments, as well as 
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their feeding time, because they require less time for grooming (Mooring and Hart, 1995) 

and vigilance (Burkepile et al., 2013). 

Vegetation burning increases forage quality (Burkepile et al., 2013) and feeding 

opportunities for grazers in particular (Sensenig et al., 2010). For example, recently 

burned areas often quickly produce flushes of new, tender grass shoots, which attract 

herbivores to the easily digestible forage (Archibald and Bond, 2004; Sensenig et al., 

2010). It can also reduce woody vegetation (Klop and Prins, 2008), which reduces forage, 

and niche opportunities for browsers (Cromsigt and Olff, 2006). Additionally, although 

grazers are usually the dominant herbivore in burned areas (Klop and van Goethem, 

2008), woody vegetation can improve grazer habitat quality (e.g., grazers have been 

shown to feed preferentially near isolated trees over totally open areas [Treydte et al., 

2011]). Consequently, the frequent burning of savannas can lead to declines in ungulate 

diversity (du Toit and Cumming, 1999) and changes in the structure and composition of 

the ungulate community (Klop and van Goethem, 2008). 

 

1.2.6. When humans are perceived as predators 

Predation is a strong evolutionary force (Lima and Dill, 1990) that has direct and indirect 

effects on prey species, at both individual and population levels (Kotler and Holt, 1989). 

The most direct effect of predators on prey is predation mortality, though indirect effects, 

such as resultant changes in behaviour and habitat preferences also occur (Brown et al., 

1999; Lima and Dill, 1990). At the population level, indirect effects can have greater 

impact than mortality losses (Kotler and Holt, 1989; Brown and Alkon, 1990), affecting the 

fitness of survivors (Lima and Dill, 1990), and, thus, the maintenance of populations 

(Kotler and Holt, 1989). Depending upon the perceived predation risk, prey can reduce 

foraging (Brown et al., 1999; Benhaiem et al., 2008) and social interactions in order to 

spend more time performing anti-predator behaviours (Lima and Dill, 1990). Additionally, 

the risk of being predated influences feeding of prey (Lima and Dill, 1990), such that 

vegetation quality may not be the key determinant of foraging locality (Laundré et al., 

2010). Characteristics of prey (e.g. size, health, sex, age), predators (e.g. speed, size) 

and the environment (e.g. refuge availability, vegetation), as well as previous experiences 
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with predators influence prey perception of predation risk (Frid and Dill, 2002; Stankowich 

and Blumstein, 2005). 

Irrespective of their activity, humans can be perceived as natural predators (Stankowich, 

2008) and hence many animals avoid them (e.g. roe deer Capreolus capreolus 

[Benhaiem et al., 2008]; small and medium-sized carnivores [Grilo et al., 2009]; American 

black bear Ursus americanus [Switalski and Nelson, 2011]; lions Panthera leo [Valeix et 

al., 2012]; wolf Canis lupus [Lesmerises et al., 2013]). The “risk-disturbance hypothesis” 

suggests that animals can perceive human activities with different intensities of fear (Frid 

and Dill, 2002). Human presence can provoke behavioural changes in individuals, e.g. in 

feeding activities (Setsaas et al., 2007), anti-predator activities (Donadio and Buskirk, 

2006; Malo et al., 2011) and in their local distribution (Setsaas et al., 2007; Benhaiem et 

al., 2008). At a population and community level, responses can lead to e.g. localised 

overgrazing (Frid and Dill, 2002), displacement of predators (Leighton et al., 2010) and 

impacts on sympatric species (Gallo and Pejchar, 2016). 

Poaching and hunting activities are the most strongly avoided of human activities for large 

herbivores. Such human hunting avoidance has been observed in many species including 

guanaco Lama guanicoe and vicuña Vicugna vicugna (Donadio and Buskirk, 2006), 

impala Aepycerus melampus (Setsaas et al., 2007) and roe deer (Benhaiem et al., 2008). 

These activities can provoke even greater predation responses than do natural predators 

(e.g., red deer Cervus elaphus, wild boar Sus scrofa, roe deer and European bison Bison 

bonasus in Białowieża Forest, Poland [Theuerkauf and Rouys, 2008]; red deer in Canada 

[Ciuti et al., 2012]). Compared to hunting, ungulates often perceive tourism as a less 

threatening activity (Setsaas et al., 2007; Stankowich, 2008). With no human harassment 

some ungulates can rapidly become habituated to tourist activities (e.g. bison Bison bison 

and elk Cervus elaphus in Yellowstone National Park [Borkowski et al., 2006]; guanacos 

in Argentinian Patagonia [Marino and Johnson, 2012]). Although not reported for 

ungulates specifically, other types of prey species have been shown to benefit from local 

human activity because it repels predators (e.g., hawksbill sea turtles Eretmochelys 

imbricata [Leighton et al., 2010]; birds in cities [Møller, 2012]). However, tourism can also 

be deleterious to prey, by interfering with social interactions (e.g., reproductive events 
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[Frid and Dill, 2002]) or displacing individuals from feeding sites, as has been shown for 

mountain gazelle Gazella gazella and the Nubian ibex Capra ibex nubiana in Saudi Arabia 

(Wakefield and Attum, 2006). 

In summary, large herbivores inhabiting managed arid savannas have to daily deal with 

natural enemies, seasonal variation of resources and anthropogenic management. These 

may cause changes to their body condition and spatial distribution, which could, in turn, 

be detrimental to reproduction and/or survival. In this thesis, I will study large herbivores 

inhabiting an African savanna system to explore the effects of ticks, seasonality and 

management itself, with the intention of improving management recommendations to 

conserve ungulates. 

 

1.3. Chapter objectives 

Below, I describe the specific objectives and structure of my thesis. In the thesis, I aim to 

address some of the gaps in our current understanding of ungulate behaviour and 

ungulate responses to management activities. Following a review of the literature 

(summarised above), I identified three key research gaps in relation to ungulate ecology 

and management in savanna systems: i) firstly, that little information exists relating to how 

ungulate condition changes across seasons and years, ii) secondly, that there has been 

limited exploration of the impacts of environmental and human drivers on the local 

distribution of African ungulates, and iii) finally, that although burning has been explored 

in terms of its impacts on ungulate distribution in Africa, the potential importance of 

burning in controlling ticks, as opposed to creating high quality forage, have rarely been 

explored. These separate studies all have the potential to inform management of such 

species, and hence to improve the management strategies to conserve these species in 

the future. 
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1.3.1. Chapter 1: Introduction Chapter. 

This chapter provides an overarching context of the issues associated with ungulate 

management in savanna systems and a basis upon which the subsequent data chapters 

build in more detail. 

 

1.3.2. Chapter 2: To monitor the variation of individual body mass in a seasonal 

environment. 

This chapter explores seasonally changing body condition in ungulates utilising a novel 

technology to automatedly monitor the body mass of identified ungulate individuals during 

an 18-month period, across dry and wet seasons. In this chapter, I describe the method 

of monitoring individuals over time. I then relate body mass changes to seasonal variation 

of precipitation, vegetation productivity and phenological events for both male and female 

individuals. Monitoring short-term body mass variations within and between seasons may 

be useful for identifying future threats as well as for identifying potential solutions to deal 

with them. Today, reducing the impacts of resource scarcity on body mass in seasonal 

savannas is especially important considering that the current climate change crisis is 

making these environments drier thus more difficult for large herbivores (Trenberth, 2011; 

Engelbrecht et al., 2015). 

 

1.3.3. Chapter 3: To identify the effects of resource and human-related drivers on 

the spatial abundance of a diverse community of large herbivores. 

In this chapter, I use spatially explicit models to understand the effects of seasonal 

variation of resources, anthropogenic activities and human infrastructure on the spatial 

abundance of large herbivores that inhabit a managed arid savanna. I map the spatial 

abundance of different species within the study area, and explore the specific effects on 

abundance of vegetation type, water availability, burn-age, road traffic, and distance to 

roads and perimeter fence. I then discuss how seasonality, availability of resources and 

avoidance of humans shape the local distribution of individuals in managed lands, and 
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question whether these effects are generalized among species. Finally, I discuss whether 

avoidance provoked by management actions is detrimental for management goals. 

 

1.3.4. Chapter 4: To assess the effectiveness of burning vegetation for controlling 

ticks and its simultaneous impacts on hosts and habitat. 

In this chapter, I assess the effectiveness of prescribed fire for controlling ticks in the 

environment from an ecosystem-level perspective. Using information on tick abundance, 

ungulate densities, vegetation structure and precipitation, I build path diagram models to 

identify impacts of burning on parasites, their hosts and habitat, and characterize effects 

by type, size and temporal extent of burn regimes. I then discuss the effectiveness of 

prescribed fire for controlling ticks in the environment. Additionally, considering the 

simultaneous effects of burning on tick hosts and their habitat, I discuss the role of burning 

for controlling parasites in arid savannas. I provide recommendations on how to improve 

tick control in savannas, whilst reducing undesirable effects on other components of the 

ecosystem. 

 

1.3.5. Chapter 5: Discussion chapter. 

In the final chapter of the thesis, I draw together the findings across all of my data chapters 

to provide an overarching summary of the contributions of the thesis to better 

understanding the ecology and management of ungulate species in savanna systems. I 

finish by discussing the potential for future research that could address outstanding issues 

that remain in our understanding of African ungulates, and highlight future research that 

could further develop the current work.   
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2. SEASONAL VARIATIONS OF BODY MASS IN ARID SAVANNA BOVIDS 

 

Greater Kudu (Tragelaphus strepsiceros) | ©Nicolás Fuentes-Allende 
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2.1. Abstract 

Large herbivores inhabiting seasonal environments often experience variations in body 

mass due to temporal changes in the availability of critical resources like water and green 

vegetation. Yet the role of seasonal resource variation on body mass of mammals of 

savanna habitats, which host the largest densities of grazing ungulates globally, has 

rarely been explored. To explore seasonal variation in mass, I used mineral baited cattle 

scales and camera traps to automatedly track the body mass of adult individuals from 

three bovid species through a period incorporating both wet and dry seasons in a South 

African savanna ecosystem. This novel approach allowed us to explore mass changes 

daily in relation to time, weather and resource availability. I found that, as expected, all 

species increased their body mass, by around 5-10%, during the wet season and lost 

mass, by around 5-12%, during the dry season. These changes were positively related 

to vegetation productivity (assessed using NDVI) and frequency of rains. This weighing 

approach resulted to increase and facilitate data acquisition, making the method easier 

to deploy concurrently over large areas, and being suitable for a wide range of ungulate 

species. Considering current climate change is resulting in longer and harsher dry 

seasons in such arid systems, tracking short-term variations of body mass may help 

managers and authorities to identify body mass reductions more rapidly, thus being better 

informed to prevent excess mortality during unfavourable periods. 

 

2.2. Introduction 

Animals inhabiting seasonal environments have to deal with regular changes in weather 

conditions, often associated with pulses of resource availability and sparsity. Seasonal 

variations of precipitation in particular can lead to changes in the availability of water and 

green vegetation, which are critical resources for large herbivores (Parker et al., 2009). 

Savanna ecosystems, which are typified by a hot, wet season and a cooler, dry season 

are a common biome in subtropical regions. Seasonal water scarcity results in extensive 

grasslands with scattered trees, supporting very high densities of grazing herbivores. To 

deal with resource scarcity and maximize their fitness, large herbivores inhabiting these 

environments have adapted to such seasonality by minimizing energy expenditure, e.g. 
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giving birth and mating when resources are abundant (Côté and Festa-Bianchet, 2001; 

Paoli et al., 2018), and migrating when resources are scarce (Loarie et al., 2009; Killeen 

et al., 2014; Debeffe et al., 2017; Barker et al., 2019). 

In general, body mass varies according to availability of resources (Kornél and Lanszki, 

2017), impacting the daily routine of individuals. For example, energy availability has been 

shown to affect reproduction (Green et al., 2017; Newbolt et al., 2017; Peláez et al., 2017), 

survival (Parker et al., 2009), behaviour (Li, 2013; Brivio et al., 2014), parasite load 

(Debeffe et al., 2016) and home range (Ofstad et al., 2016) of mammals. Despite the 

importance of the nutritional state of large herbivores for individual fitness (Parker et al., 

2009; Luna et al., 2013; Festa-Bianchet et al., 2019), short-term body mass variation in 

wild animals inhabiting seasonal environments has been little studied. Studies that have 

explored these issues have focussed on monitoring body growth (e.g. Decristophoris et 

al., 2007; Bergeron et al., 2010; Brambilla et al., 2018), long-term changes in body size 

(Martin et al., 2018), and temporal variation during reproduction (Therrien et al., 2007). 

Seasonal changes of body mass have been monitored using data from hunted individuals 

(hence, non-repeated measures on individuals: Flores-Saavedra et al., 2018; Risco et al., 

2018) and from limited capturing and weighing of live animals (which can only occur 

infrequently, in wild populations: Newbolt et al., 2017; Lemaître et al., 2018). However, 

such studies are rarely successful (never in terms of hunted animals) in describing the 

seasonal, short-term changes of body mass taking into account individual heterogeneity, 

because they usually cannot measure the same individuals through time at short-term 

intervals. 

In order to assess the effect of seasonality on the temporal variation of body mass in large 

herbivores, I focus on adult individuals from three bovid species that co-occur in many of 

the savannas of sub-Saharan Africa; these being blue wildebeest Connochaetes taurinus, 

greater kudu Tragelaphus strepsiceros and red hartebeest Alcelaphus buselaphus. I used 

cattle scales (Bassano et al., 2003), baited with a mineral lick, to weigh individual animals 

in a South African wildlife reserve between April 2017 and October 2018. A similar method 

has been previously applied to temperate and temperate-montane species, including 

alpine ibex Capra ibex (e.g. Decristophoris et al., 2007; Bergeron et al., 2010; Brambilla 
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et al., 2018), bighorn sheep Ovis canadensis (e.g. Pelletier and Festa-Bianchet, 2004; 

Moquin et al., 2010; Festa-Bianchet et al., 2019), mountain goat Oreamnos americanus 

(e.g. Mainguy et al., 2009; Godde et al., 2015; Castro et al., 2018), and white-tailed deer 

Odocoileus virginianus (Therrien et al., 2007). Camera traps were used to identify 

individuals and to follow their body mass changes throughout the time. I hypothesized 

that body mass would vary seasonally, being positively related to changing availability of 

forage and water. Finally, I discuss about the importance of monitoring these variations 

in seasonal environments within the context of the current climate change crisis 

(Trenberth, 2011). 

 

2.3. Materials and Methods 

2.3.1. Study Site 

The research was conducted at Mankwe Wildlife Reserve (MWR; 25°13’39’’S 

27°17’50’’E), a 3,875 ha private reserve located in the South African arid savanna. The 

reserve supports 18 ungulate species, which are principally managed for conservation 

and research purposes. However, being a relatively small reserve that lacks lions 

(Panthera leo), the only major predator of the larger ungulates, some hunting and 

capturing of ungulates for sale takes place to maintain populations within estimated 

carrying capacity limits (Table A2.1). The largest predators present [leopard (Panthera 

pardus) [rare], caracal (Caracal caracal), serval (Leptailurus serval) and brown hyaena 

(Parahyaena brunnea)] take relatively low numbers of the smaller ungulate species. 

Ungulates are mainly hunted in the dry season, between May and end of September, with 

males targeted more often than females.  During this period, animals are also sold to 

other game ranches. A 3 m electrified perimeter fence around the site restricts ungulate 

movements in and out of the reserve. The reserve is mainly comprised of savanna 

grasslands, which covers 83% of its surface. The remainder of the reserve is made up of 

woodland, thicket, and seasonal water bodies, along with two permanent water bodies 

and several smaller artificial water points. Rains typically concentrate during the wet 

season that occurs from the beginning of October to the middle of the following May, after 

which little or no rains falls until the following October. For example, rainfall data from 
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MWR indicate that the dry season extended from the 15th of May to the 4th of October in 

2017, and from the 15th of May to the 30th of September in 2018 (Figure 2.1a). This 

weather regime promotes changes in vegetation, which reaches its highest and lowest 

greenery peaks during wet and dry seasons respectively (Figure 2.1b). 

Figure 2.1. a) Accumulated rainfall over the study period, where black dots represent 

daily accumulated rainfall considering last 60 days. b) Mean grassland NDVI at MWR, 

where grey dots represent NDVI from previous five days, and black line represents the 

average NDVI considering last 60 days (Santangeli et al., 2018). Vertical grey dotted lines 

represent starts/ends of wet and dry seasons (defined as when precipitation events 

increase and reduce their occurrence). 

 

2.3.2. Body mass and environmental data collection  

Body mass data (kg) were collected between April 6th 2017 to October 8th 2018 at MWR, 

using two cattle weighing scales (± 0.5 kg) that were deployed close to artificial ponds 

where animals had access to drinking water throughout the year (Figure 2.2b). The setup 
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comprised a 50 kg salt block to attract animals, a 1.5 x 1.5 m2 metal platform scale (3-

Ton Platform Scale LMI Ltd, http://www.lmi.co.za/wordpress/) with a reader (LS4F 

Readout Instrument LMI Ltd) that displayed the body mass of individuals standing on the 

platform, and a camera trap (Reconyx Hyperfire HC500) that captured photographs of 

animals along with their mass reading when using the scales (Figure 2.2a). Although 

animals were not tagged, most individuals were easily identified, during both day and 

night by unique patterns in horn shape and hair length, and by scars on their face, ears, 

neck, legs, and feet (Figure 2.2c). For individuals that could be uniquely identified, the 

mean body mass per week was calculated as the average of all daily mass readings from 

that individual. If the body mass was recorded more than once within a day, the average 

mass for that day was used. Only those individuals considered adults (Silva and Downing, 

1995; Wilson and Mittermeier, 2011; Castelló et al., 2016), and those using the scale for 

a minimum period of three months, and with at least two weeks of readings within a 

season were included in the study. 

Normalized Difference of Vegetation Index (NDVI) was used as a proxy of availability of 

high-quality forage (NDVI provides a measure of photosynthetic activity, derived from 

satellite sensors; Pettorelli et al., 2005). One hundred and nine images were downloaded 

to cover the entire study period, obtained from the AQUA sensor eMODIS NDVI V6 

(United States Geological Survey; https://earthexplorer.usgs.gov/). Every five days, this 

satellite generates composite images with a spatial resolution of 250 m. As animals can 

forage across the entire reserve, I calculated the mean NDVI for grassland areas across 

the entire site. Only one image was discarded (21st February 2018) because more than 

50% of the pixels with grassland were corrupted by atmospheric conditions (Agapiou et 

al., 2011). Animal measurements were assigned to the closest image, in temporal terms, 

that was captured before a weighing event. Mean NDVI for last 30 and 60 days prior to a 

body mass reading, defined as NDVI30 and NDVI60 respectively, were calculated 

(Santangeli et al., 2018), by averaging NDVI across all the images within the relevant 

period before a weighing event. 

Accumulated rainfall for last 30 and 60 days prior to a weighing event, defined as RAIN30 

and RAIN60 respectively, and frequency of rainy events (number of days with 



  
 

19 
 

precipitations) during last 30 and 60 days, defined as FRAIN30 and FRAIN60, were used 

as indices of water availability (Ogutu et al., 2008; Santangeli et al., 2018). Daily rainfall 

(accuracy of +/1 mm per day) in the study area was obtained by averaging readings from 

five rain gauges deployed across the reserve. Then, these daily averaged readings were 

used to calculate accumulated values for the 30 and 60 days preceding each mass 

reading. 
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Figure 2.2. Body mass stations. a) Representation of the set-up from an aerial view, b) 

Location of one of the two scales next to an artificial pond, and c) Example mass reading 

of a female red hartebeest that was attracted to the scale. 
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2.3.3. Data Analysis 

Hierarchical Generalized Additive Models (HGAMs, Pedersen et al., 2019) were used to 

explore weekly mass fluctuations in relation to date, NDVI, and water availability, for each 

analysed group. Groups were composed of uniquely indentifiable individuals of the same 

species and sex. Body mass was analysed as weekly relative body mass divided by mean 

body mass of the group. Hence, individual with a relative mass <1 weighed less than the 

mean of the group, those with a relative mass =1 had a mass equal to the group mean, 

and relative mass of >1 identified individuals heavier than the group mean.  Individual 

identification was used as random intercepts to control for variability among individuals. 

Date was included in models as weeks since April 6th 2017 (running from 1 to 79 weeks). 

HGAMs included penalized thin-plate regression splines as smooth terms (Wood, 2003) 

for date, availability of fresh forage (weekly mean NDVI, and NDVI30 and NDVI60) and 

water availability (RAIN30, RAIN60, FRAIN30, FRAIN60).  

Models that included >1 smoother presented issues of concurvity (non-linear collinearity 

Hastie and Tibshirani, 1990; >0.5 Ramsay et al., 2003) which may bias predictions 

(Dominici et al., 2002). All models assumed a Gaussian distribution with identity link 

functions, and the smoothing selection was defined by marginal likelihood (Wood, 2011; 

Wood, 2017). The quality of models was checked using basis dimension assessments 

(BDAs; Wood, 2017), and visually inspecting plots of residuals, and plots of observed vs 

fitted values. 

Two models were selected per group: (i) one with a smoother for date, to explore temporal 

variation, and (ii) one with a smoother for availability of resources (fresh forage and 

water). I used Akaike Information Criterion (AIC; Akaike, 1974) to rank models; all models 

with ΔAIC ≤2 of the top model were considered equivalent (Burnham and Anderson, 

2002). Of these, the model with highest explained deviance was selected to assess the 

effect of availability of resources on body mass. 

All analyses were performed using R version 3.5.2 (R Core Team, 2018), and the package 

‘mgcv’ (Wood, 2019). Satellite images were processed using QGIS 3.4.6-Madeira (QGIS 

Development Team, 2019). 
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2.4. Results 

Over the study period, 3,700 body mass records were registered (Figure 2.3). Species 

captured comprised: blue wildebeest (n = 435), Cape eland (Taurotragus oryx; n = 69), 

common reedbuck (Redunca arundinum; n = 1), common warthog (Phacochoerus 

africanus; n = 26), gemsbok (Oryx gazella; n = 160), giraffe (Giraffa camelopardalis; n = 

4), greater kudu (n = 2,383), impala (n = 115), red hartebeest (n = 503) and white 

rhinoceros (Ceratotherium simum; n = 4). From those, 1838 records could be allocated 

to 58 individuals comprising: adult blue wildebeest (n = 6 females, 1 male), greater kudu 

(n = 29 females, 11 males) and red hartebeest (n = 10 females, 1 male) that used the 

scale between two and 38 weeks (mean number of recordings per individual = 

31.69±27.74). Discarded data corresponded to records from either unmatured or 

individually unidentified individuals. 
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Figure 2.3. Total records of relative body mass in relation to the mean body mass of the 

species, where a) shows data for eland, b) gemsbok, c) hartebeest, d) impala, e) kudu, f) 

warthog, g) wildebeest, and h) shows specific body mass records for giraffe (n = 4), 

reedbuck (n = 1) and rhino (n = 4). Black dots represent records from females, red dots 

records from males, and "question marks" represent records from "unidentified sex" 

individuals. Vertical grey lines represent starts/ends of wet and dry seasons. 
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Averaging records from the same individuals for individual weeks resulted in a dataset of 

609 weekly body masses for further analysis (Table 2.1, Figure 2.4). Male blue wildebeest 

and male red hartebeest were discarded from the analysis as only one individual per 

species used the scale for more than three months. Data included in the analysis 

corresponded to 40 weekly records of female blue wildebeest (from week 7 to 61), 389 

weekly records of female greater kudu (from week 1 to 79), 96 weekly records of female 

red hartebeest (from week 10 to 61), and 70 weekly records of male greater kudu (from 

week 7 to 79). 

Table 2.1. Summary of body mass records. (F) and (M) refer to females and males 

respectively. Ave ± SD refers to Mean ± Standard Deviation. “Individuals recorded / 

included” refers to total individuals that were identified using the scale for more than one 

week during the study period / individuals that complied with minimum requirements for 

being included in the analysis. “Data recorded / included” refers to total observations of 

individuals recorded and individuals that were included in the analysis. 

Group 
Individuals 
recorded / 
included 

Data 
recorded 

/ 
included 

Range 
body mass 

(kg) 

Ave ± SD 
body 

mass (kg) 

Ave ± SD 
weeks 

per 
individual 

Blue Wildebeest (F) 15 / 6 66 / 40 
143.7 – 
196.5 

168.8 ± 11 6.7 ± 3.1 

Greater Kudu (F) 49 / 29 448 / 389 
121.8 – 
209.9 

166.3 ± 
17.4 

13.4 ± 8.3 

Greater Kudu (M) 12 / 11 74 / 70 
192.8 – 
296.1 

238.8 ± 
29.9 

6.4 ± 4.1 

Red Hartebeest (F) 15 / 10 109 / 96 101.3 – 148 
122.9 ± 

9.8 
9.6 ± 4.7 
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Figure 2.4. Fluctuations of the relative body mass in relation to the mean body mass of 

the group, where a) shows female blue wildebeest, b) female greater kudu, c) male 

greater kudu, and d) female red hartebeest. Black dots and lines to distinguish individual 

trends. Vertical grey lines represent starts/ends of wet and dry seasons, and horizontal 

grey lines represent the group mean. Grey areas visualize weeks beyond the first and 
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last records for each group. Peach areas visualize when calving peaks typically occurs 

for each species (Spinage, 1973; Estes, 1976; Nowak 1997; Perrin, 1999). 

All models including a smoother for date were significant (Table A2.2 to Table A2.5), had 

the lowest AIC within their groups (Table 2.2), and predicted an increment on body mass 

during the wet season in relation to the mean body mass of their groups (Figure 2.5). 

Although animals started to gain weight just after the beginning of the rainy season, each 

species varied in terms of which date the peak of weight gain was reached. In terms of 

the role of resource availability, models containing NDVI60 (female blue wildebeest, 

greater kudu and red hartebeest) and FRAIN60 (male greater kudu) performed best at 

predicting body mass (Table 2.2; Table A2.2 to Table A2.5). 
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Table 2.2. Models fitted per groups. Models are organized from lowest to highest AIC. 

Bold text indicates the two selected models per group. “Predictor” indicates smoother 

included in the model, "DE” is deviance explained, “edf” is effective degrees of freedom, 

and “ΔAIC” is the difference with model of lowest AIC. Grey rows indicate models with a 

smoother that did not passed the basis dimension assessments (BDAs), therefore were 

not considered for analysis. 

Group Predictors DE(%) edf Δ AIC 
Blue 
Wildebeest 
(F) 

s(week) 83.1 3.01 0.00 
s(NDVI60) 85.1 5.96 0.00 
s(FRAIN30) 54.8 1 33.59 
s(ndvi 5 days) 57.9 3.62 36.97 
s(RAIN60) 49.9 1 37.68 
s(NDVI30) 52.4 2.17 38.61 
s(RAIN30) 46.6 1 40.15 
s(FRAIN60) 43.5 1 42.30 

Greater 
Kudu (F) 

s(week) 85.2 8.09 0.00 
s(RAIN60) did not passed BDAs 
s(NDVI60) 80.8 4.24 21.11 
s(NDVI30) 80.6 4.95 27.87 
s(FRAIN60) 79.2 1 43.46 
s(ndvi 5 days) 79.6 3.23 43.90 
s(RAIN30) 77.7 2.49 75.97 
s(FRAIN30) 77.1 1 81.30 

Greater 
Kudu (M) 

s(week) 95.9 6.03 0.00 
s(NDVI30) did not passed BDAs 
s(ndvi 5 days) did not passed BDAs 
s(NDVI60) did not passed BDAs 
s(FRAIN60) 88 1 6.50 
s(RAIN60) 87.9 1 7.43 
s(FRAIN30) 85.7 1 19.09 
s(RAIN30) 85.2 1 21.40 

Red 
Hartebeest 
(F) 

s(week) 80.8 3.86 0.00 
s(NDVI60) 77.7 1 0.00 
s(NDVI30) 76.8 1 3.87 
s(ndvi 5 days) 77.5 4.78 10.80 
s(RAIN30) 70.4 6.84 40.02 
s(FRAIN30) 64.4 4.93 54.79 
s(RAIN60) 58.7 1 58.59 
s(FRAIN60) 58.2 1 59.74 
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2.4.1. Blue wildebeest 

The model predicted female Blue Wildebeest to gain 6.75 ± 5.06 kg, on average, during 

the entire dry season in 2017 (from the 20th of May to end of September, 19 weeks), 

compared to 15.19 ± 5.06 kg during the first 15 weeks of the following wet season (from 

the beginning of October to mid-January 2018). After which, animals maintained their 

weight without variation until the end of the rainy season. It was not possible to model 

mass changes for the 2018 dry season as no wildebeest used the scales during that 

period (Figure 2.5a). 

There was a positive relationship between body mass and NDVI60 (Figure 2.5b). The top 

candidate model predicted mass increases of 20.26 kg ± 3.38 kg as mean NDVI increased 

from 0.294 to 0.514. However, on average, animals lost up to 14% of their body weight 

(25.32 ± 5.06 kg) when mean NDVI increased from 0.514 to 0.55. 
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Figure 2.5. Modelled fluctuations of relative body mass over the study period, where a-

b) shows fitted curves for female blue wildebeest, c-d) female greater kudu, e-f) male 

greater kudu, and g-h) female red hartebeest. Plots a), c), e) and g) show predictions for 

temporal trends, plots b), d) and h) predictions for NDVI60, and plot f) FRAIN60. Black 

continuous lines indicate fitted curves, black dotted lines are standard errors, grey dots 

are Pearson residuals, black marks at x axis indicate the x-location of residuals, and 
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vertical grey lines represent starts/ends of wet and dry seasons. Grey areas visualize 

weeks beyond the first and last records for each group. Red areas visualize when calving 

peaks typically occurs for each species (Spinage, 1973; Estes, 1976; Nowak 1997; Perrin, 

1999). 

 

2.4.2. Greater kudu (females) 

Female kudu gained body mass during the wet season and lost mass during dry seasons 

(Figure 2.5c). In 2017, they maintained their body mass without variation from the 

beginning of the dry season (mid-May) to mid-July, after which body mass tended to 

decline. By the end of that season animals lost, on average, 4.99 ± 3.33 kg (end of 

September, 11 weeks). During the following wet season, they initially increased their body 

mass in 21.62 ± 3.33 kg from the beginning of October to mid-January 2018 (15 weeks), 

then lost around 8.32 ±1.66 kg during the next 12 weeks (beginning of April), and ended 

the season with a stable body mass from April to mid-May. During the 2018 dry season, 

body mass losses from mid-June to the end of September (16 weeks) were in the order 

of 8.32 ± 3.33 kg. 

Despite seasonal fluctuation of body mass, animals increased mean mass between the 

beginning of the dry seasons of 2017 to 2018. Model predicted animals were 9.99 ± 1.66 

kg heavier at the beginning of the dry season in 2018 compared to 2017, and 4.99 ± 3.33 

kg heavier at the beginning of the wet season in 2018 compared to 2017. 

There was a positive relationship between body mass and NDVI60 (Figure 2.5d). Model 

predicted increases of 11.64 kg ± 1.66 kg when average NDVI increased from 0.266 to 

0.478. Similarly to blue wildebeest, animals experienced losses (11.64 ± 4.99 kg) when 

average NDVI was particularly high (from 0.478 to 0.589). 

 

2.4.3. Greater kudu (male) 

Males kudu experienced fluctuating body mass during the study period (Figure 2.5e). 

During the 2017 dry season, body mass reductions were continuous from the beginning 
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to the end of the season, with mean mass loss per individual of 19.1 ± 4.78 kg in 19 

weeks. Then, individuals increased their body mass by 26.27 ± 4.78 kg during the first 15 

weeks of the following wet season (from the beginning of October to mid-January 2018). 

After that, animals maintained their mass without variation until the third month of the dry 

season in 2018 (mid-July), following which individuals experienced, on average, mass 

loss of 16.72 ± 7.16 kg over a 13-week period (end of September). 

Despite seasonal fluctuation of body mass, on average kudu bulls increased mean mass 

from 2017 to 2018. Model predicted they were 16.72 ± 9.55 kg heavier at the beginning 

of the dry season in 2018 than 2017, and 19.1 ± 4.78 kg heavier at the beginning of the 

wet season in 2018 than 2017. 

In male kudu, there was a positive linear relationship between body mass and FRAIN60 

(Figure 2.5f). Model predicted a mean mass difference of 21.49 kg ± 7.16 kg when 

comparing readings from a period with no precipitations with one where individuals were 

exposed to 16 days with precipitations (FRAIN60 =0.27). 

 

2.4.4. Red Hartebeest 

During the 2017 dry season, on average females experienced a steady loss of body mass 

from the beginning to the end of the season, totalling 6.15 ± 2.46 kg over 16 weeks. 

During the following wet season, they increased body mass from the beginning to end of 

the season, gaining 15.98 ± 1.23 kg in 32 weeks. It was not possible to fit mass change 

curves for the 2018 dry season because there were no records of Hartebeest on the 

scales during that period (Figure 2.5g). 

Regarding availability of resources, there was a positive linear relationship between body 

mass and NDVI60 (Figure 2.5h). Model predicted increases of 13.52 kg ± 1.23 kg when 

NDVI increased from 0.289 to 0.532. 
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2.5. Discussion 

This study presented temporal variation of body mass in three arid savanna ungulates 

that were exposed to same changes in resource availability over an 18-month period. 

This highlights that this approach, previously only applied to temperate systems, and 

usually without remote data collection, can be applied to sub-tropical savanna systems to 

monitor the diverse community of ungulates that coexists there (e.g. from warthog piglets 

[6 kg] to adult white rhino [1598 kg]). Despite a similar method having been previously 

applied to temperate and temperate montane species (Bassano et al., 2003), mine is the 

first study, to my knowledge, that has focused on analysing the short-term variations of 

body masses in African ungulates that inhabits the seasonal tropics. Additionally, this is 

the first time that camera traps have been used to automate the data recording process, 

increasing the opportunities for data recording during periods when an observer may 

influence the data collection or cannot be present (e.g. at night, in harsh or remote 

environments or during unfavourable weather conditions), allowing the continuous 

monitoring of the body mass of individuals, and making the method easier to deploy 

concurrently over large areas. Considering the high number of threatened large 

herbivores in Africa (Ripple et al., 2015), the relevance of this group for ecosystems and 

societies (du Toit and Cumming, 1999), and the current projected climate changes in the 

region (Baker et al., 2015), such an evaluation of environmental impacts on condition is 

timely. 

 

2.5.1. Seasonal changes in body mass 

All species experienced changes in body mass throughout the year, with mass declining 

during dry seasons and increasing during wet season, as predicted. Although there are 

studies assessing seasonal changes in body mass of ungulates (e.g. effect of 

temperature on body mass of moose Alces alces in Norway van Beest and Milner, 2013; 

long-term body mass decline of Alpine chamois Rupicapra rupicapra in Italy Mason et al., 

2014; long-term seasonal changes of bighorn sheep body mass in Canada, Douhard et 

al., 2018; associations between winter mortality and body mass of white-tailed deer in 

USA, Kautz et al., 2019), there are no studies to date describing seasonal effects on 
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temporally finely resolved changes in body mass of African ungulates. Regarding African 

species, very few studies exist on mass changes in small and medium sized mammals 

(the only ones I could locate being for Madagascan rousette Rousettus madagascariensis 

[50-70 g] Goodman et al., 2017; and Egyptian mongoose Herpestes ichneumon [1.8-1.9 

kg] Bandeira et al., 2019). Despite these studies being on a frugivore and omnivore 

respectively, their findings tend to match with the patterns of mass change that I report 

here.  Individuals reached their minimum body mass at the end of the dry season, when 

availability of high-nutritious green vegetation also reached their minimum (Figure 2.1b). 

In my study system I typically recorded losses of 3% to 8% of body mass loss during the 

harsher dry season. These losses were considerably lower than the typical 15 to 30% 

losses in body mass measured in ungulates inhabiting other seasonal environments, e.g. 

montane environments (Japanese Serow Capricornis crispus, Miura and Maruyama, 

1986; mountain goat Festa-Bianchet and Côté, 2008), arctic environments (black-tailed 

deer Odocoileus hemionus sitkensis, Parker et al., 1993; barren-ground caribou Rangifer 

tarandus granti, Allaye Chan-McLeod et al., 1999). Considering the climatic stochasticity 

of African savannas, where episodic extreme droughts can cause mass mortality 

(Veldhuis et al., 2019), a temporally longer monitoring program is needed to determine 

whether the mass changes reported here are representative for these dryland systems. 

Animals may lose weight during unfavourable seasons in response to resisting harsh 

weather conditions (Lesage et al., 2001; Chang and Wiebe, 2016; Bonardi et al., 2017) 

when there is high scarcity of resources in the environment, thus requiring more calories 

to be burned than acquired (Young and Van Aarde, 2010; Wato et al., 2016). 

Unfortunately, this study cannot quantify whether the reduced mass losses at my study 

area (compared to e.g. ungulates of arctic or montane environment) were triggered by 

less harsh weather conditions or less scarce resources. One factor confounding such a 

generalisation is the fact that, at the study site, animals were likely also influenced by the 

anthropogenic control of ungulate density (via the hunting and sale of animals) that 

maintained populations below their carrying capacity on the reserve (Ogutu et al., 2012; 

Bonardi et al., 2017; Delciellos et al., 2018). 

Female red hartebeest was the only group that continuously gained body mass during 

the wet season. In South Africa, this species gives birth at the beginning of the wet season 
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(October-November Spinage, 1973; Nowak 1997), when body mass has been deeply 

affected by the resource scarcity from the previous dry season. Despite the confounding 

negative effect of reproduction and resource scarcity on body mass, which makes difficult 

to assess their individual impacts on body mass, body mass gains during the first part of 

the wet season may be constrained by energy expenditure for maternal care. Female 

blue wildebeest and female greater kudu did not have a continuous increase of body 

mass during the wet season, which may also be explained by reproductive events. The 

timing and temporal extent of these losses match with when these species are calving 

(Spinage, 1973; Estes, 1976; Owen-Smith, 1993; Perrin, 1999) and intensively 

provisioning milk to their offspring in Southern Africa (intensive lactation occurs up to six 

to 10 weeks after birth, Kingdon and Hoffmann, 2013). Considering that, calving and 

maternal care may also explain the declines in body mass that both groups experienced 

when NDVI60 was at its highest values. This, in turn, is suggestive of the species timing 

their calving to coincide with peak foraging conditions. Mass loss during the wet season 

may be associated with physiological costs of reproduction (Borowske et al., 2018; Ayotte 

et al., 2019; Festa-Bianchet et al., 2019), because in seasonal environments animals tend 

to give birth at the beginning or during the favourable season (Berkeley and Linklater, 

2010; Ogutu et al., 2013; Ogutu et al., 2015; Cucco and Bowman, 2018), and they 

continue losing weight because of maternal care (Ayotte et al., 2019). 

Despite seasonal changes in body mass, models predicted that both females and males 

of greater kudu became heavier in the period from 2017 to 2018. This may, in part, be 

driven by natural maturity of individuals or may represent a genuine improvement in 

condition of individuals between those years. It is important to highlight that these findings 

portray body mass changes that individuals experienced during those 18 months of data 

collection, and a longer period of study is needed to elucidate long-term trends. Studies 

on other ungulates have demonstrated continued mass gain from birth to senescence, 

[e.g. bighorn sheep (Pelletier and Festa-Bianchet, 2006), mountain goat (Mainguy and 

Côté, 2008) and Alpine ibex (Brivio et al., 2014)], which could be consistent with 

observations recorded here for kudu. 
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2.5.2. Availability of resources 

Average NDVI and the frequency of precipitation prior to a weighting event were positively 

related to increases in body mass.  NDVI was reported to have a positive effects of on 

the nutritional status of red deer in the Iberian Peninsula (Santos et al., 2018) using the 

Kidney Fat Index (KFI; Riney, 1955), and on the body mass of hunted calves and 

yearlings of moose in Norway (Herfindal et al., 2014). Rainfall has also been positively 

related to the survival and reproduction of African ungulates in Kenya (Ogutu et al., 2013), 

and the survival of Apennine chamois Rupicapra pyrenaica in central Italy (Ferretti et al., 

2019). In seasonal environments, reproduction often occurs only during seasons when 

NDVI is high (Côté and Festa-Bianchet, 2001; Paoli et al., 2018), implicitly indicating that 

there are abundant resources that can help individuals to reach their best nutritional 

condition for breeding and investing in maternal care (Wittemyer et al., 2007; Berkeley 

and Linklater, 2010; Ogutu et al., 2013; Ogutu et al., 2015; Peláez et al., 2017; Cucco 

and Bowman, 2018). 

Current changes to seasonality associated with climate change have included 

documented reductions in precipitation events and extended dry seasons in some areas, 

both globally (Trenberth, 2011) and in Southern Africa (Engelbrecht et al., 2015). Longer 

periods of water scarcity and periods lacking nutritious vegetation may impact body 

condition to the point of affecting survivorship of individuals. This may be especially true 

for grazers and mixed feeders that rely on seasonal vegetation pulses (Abraham et al., 

2019), as well as for migratory species that may have to travel longer distances looking 

for vegetation of high nutritional value (Perkins, 2019). Although not focused on 

ungulates, Brawn et al. (2016) reported reduced survival of tropical birds that inhabit 

seasonal environments because of climate change, and Howard et al. (2018) predicted 

that pathways of migratory birds will become longer under future scenarios of climate 

change. Under the current and future climatic contexts, monitoring short-term changes of 

body mass becomes crucial to keep managers and authorities informed about when to 

support individuals, e.g. supplying water and palatable vegetation during unfavourable 

seasons, in order to reduce body mass losses that may result in lower survival of high 

value species. This is especially true when natural migratory pathways for African 
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ungulates have been lost due to land-use development fragmenting natural landscapes, 

combined with the fact that many populations are now preserved in fenced areas. 

 

2.5.3. Conclusions 

My study showed it is possible to monitor and model seasonal variations of body mass in 

wild African ungulates on a near-daily basis taking into account individual variability. The 

methods I utilise here provides an easy means to continually monitoring body mass of a 

diverse range of wild ungulates, which could be used by site managers to rapidly identify 

times of body condition changes and alter management plan accordingly to aid survival 

(Douhard et al., 2019) or reproduction (Lombardini et al., 2017; Newbolt et al., 2017; 

Podofillini et al., 2019) of high value species. Monitoring body mass variations may be 

critical for protecting large herbivores that inhabit seasonal environments (van der Merwe 

et al., 2014; Wato et al., 2016; Abraham et al., 2019), especially considering the current 

projections of climate change scenarios that consider precipitation events will be reduced 

and less frequent in the near future (Trenberth, 2011). 
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3. FOOD RESOURCES AND FEAR OF HUMANS DRIVE SPATIAL ABUNDANCE 

OF LARGE HERBIVORES IN A SOUTH AFRICAN ARID SAVANNA 

 

Mountain reedbuck (Redunca fulvorufula) | ©Nicolás Fuentes-Allende 
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3.1. Abstract 

African savannas hold many species of large herbivores living in sympatry, which reduces 

interspecific competition by spatial segregation. This segregation is mainly driven by 

availability of resources (vegetation and water) and perception of predation risk. Past 

experience of predation makes preys build mental landscapes of fear of their 

surroundings, thus avoiding areas where they perceive higher probabilities of 

encountering predators. While large herbivores often perceive humans as predators in 

areas where they are hunted, it remains unclear whether non-target species are affected 

by human presence. In this study, I focus on a community of large herbivores within a 

fenced protected area that lacks the largest predators of the South African arid savanna. 

Here, a subset of these species is either hunted at a low intensity throughout the year or 

rounded up and sold to maintain populations within the site’s carrying capacity, while 

others are not. For the reserve area, I modelled the seasonal variation of spatial 

abundance of 16 large herbivores using Density Surface Models, and identified the effects 

of vegetation, water, and human movement and infrastructure on spatial abundance. I 

found that species were differently affected by natural resources, which may be explained 

by dietary differences, and by human infrastructure and movement. Human activity (road 

traffic) and infrastructure (proportion of roads and distance to perimeter fence) negatively 

impacted occurrence of eight species, irrespective of whether or not they were a hunted 

species. These findings highlight a potentially overlooked role of humans in generating a 

perceived landscape of fear even in species that are not impacted negatively by people. 

Minimising large herbivores’ perception of fear to their surroundings could be an important 

management tool to maximize species’ carrying capacity, and could be a key factor in 

reducing carrying capacity at well visited sites for some species of conservation concern. 

 

3.2. Introduction 

Africa holds nearly 90% of the world’s large herbivore species (Ripple et al., 2016) and 

savanna and grassland habitats in particular have many species living in sympatry 

(Hempson et al., 2015). Diet partitioning and spatial segregation help individuals to 

reduce interspecific competition and to increase their fitness (Hutchinson, 1959; Jarman, 
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1974). This is mainly driven by species traits (body size, morphology, behaviour; Veldhuis 

et al., 2019) and availability of resources (vegetation Schuette et al., 2016; Djagoun et 

al., 2020; water Kihwele et al., 2020). In African savannas, sympatric large herbivores 

deal with interspecific competition and resource scarcity by modifying foraging 

behaviours, and selecting specific resources and areas to exploit (Owen-Smith, 2019). 

Type of diet (grazers, browsers and mixed feeders; Du Toit and Cumming, 1999; Pascual-

Rico et al., 2020) and water dependence (Hempson et al., 2015) can result in permanent 

or temporal segregation (Roberts et al., 2017; Hall et al., 2018). Temporal segregation 

between sympatric species has been widely studied in seasonal environments, where 

resources change from being scarce and patchily distributed during unfavourable 

seasons to being abundant and widely spread in the environment during favourable ones. 

Temporal segregation may be expressed by switching feeding areas (Nakashima et al., 

2020; Owen-Smith et al., 2020), food items (McSchea et al., 2019), and/or diurnal 

foraging timing (Pascual-Rico et al., 2020). 

Perception of predation risk is another factor that influences spatial distribution of large 

herbivores (top-down control; Koerner et al., 2017). The “ecology of fear” theory proposes 

that perception of predation risk results in prey species modifying their behaviours and 

spatial distribution in accordance with perceived risk (Brown et al., 1999). Depending on 

previous experience, prey map their surroundings according to perception of predation 

risk (“landscape of fear” Laundré et al., 2010), avoiding areas with high perception of risk 

(Gaynor et al., 2019) or increasing anti-predatory behaviours when roaming within risky 

areas (Krishna et al., 2016; Smith et al., 2019). 

While species have different strategies to cope with predators (Brown et al., 1999), how 

they respond to human disturbances remains unclear. Responses vary between species 

and contexts, from avoiding humans, when they are identified as predators (Frid and Dill, 

2002; Koerner et al., 2017), to becoming habituated (Marino and Johnson, 2012; 

Schroeder et al., 2018) or even be attracted to them (Muhly et al., 2011), when there is 

no harassment or when humans can serve as a shield against natural predators (Berger, 

2007; Atickem et al., 2014; Nowak et al., 2014). These wildlife reactions to humans have 

been documented based upon direct encounters with people (Lahkar et al., 2020) as well 
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as in relation to indirect measures of human presence, such as the presence of livestock 

(Schieltz and Rubenstein, 2016; Harris et al., 2019; Crego et al., 2020), infrastructure 

(Nickel et al., 2020), or buildings (Koerner et al., 2017). Avoidance of humans may be 

detrimental for large herbivores inhabiting arid environments (Rivas et al., 2015), where 

water and forage are scarce and patchily distributed across the landscape; human 

disturbances have been shown to cause wild ungulates to avoid preferred feeding sites 

and instead to make use of sub-optimal habitats (Frid and Dill, 2002; Journeaux et al., 

2018). By contrast, attraction to areas near humans may promote overgrazing (Frid and 

Dill, 2002; Muñoz et al., 2015) and spread of exotic grasses (Stokely et al., 2020), while 

making hunting more difficult for natural predators (Leighton et al., 2010; Muhly et al., 

2011; Valeix et al., 2012). 

In the present study, I explore the effects of environmental and anthropogenic variables 

on the spatial distribution of 16 sympatric large herbivores that inhabit a fenced protected 

area in the South African arid savanna. This is an isolated area which lacks large ungulate 

predators, but which undertakes limited hunting of a few species for management 

purposes, while others are maintained for conservation purposes. In addition to controlled 

hunting that normally occurs next to roads when managers are riding their vehicles, 

poaching involving dogs and snares is sporadically reported near the perimeter fence. 

Using data collected at the end of dry and wet seasons from 2016 to 2018, I build density 

surface models (DSM; Miller et al., 2013), a spatially explicit approach that uses distance 

sampling (Buckland et al., 2001) and generalized additive models (HGAMs; Pedersen et 

al., 2019) to model spatial distribution of abundance, to identify key drivers in the spatial 

abundance of large herbivores in the reserve. I hypothesize that species, in addition to 

being affected by vegetation structure and water availability, are influenced by human 

presence and their infrastructure. I also explore if animals’ responses toward humans are 

similar among exploited and non-exploited species within the reserve, and identify which 

may be the main anthropogenic factors driving variation on spatial abundance. I finally 

propose recommendations for management strategies that might increase carrying 

capacity. 
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3.3. Methodology 

3.3.1. Study site 

The work was conducted at Mankwe Wildlife Reserve (MWR; 25°13’39’’S 27°17’50’’E), a 

3,875 ha private reserve located in the South African arid savanna. The site is a 

convenient system to test human impacts on the spatial abundance of large herbivores, 

because (i) there are 19 large herbivores species living in sympatry that are maintained 

for conservation, research and, to a lesser extent, hunting purposes, (ii) migration in and 

out of the reserve is restricted by a 3 m electrified perimeter fence, (iii) natural predation 

by larger predators is marginal (leopard is the largest predator within the reserve, though 

only an irregular visitor), with typical large predators of the regions such as lion, cheetah 

(Acinonyx jubatus), wild dog (Lycaon pictus) and spotted hyaena (Crocuta crocuta) being 

absent, (iv) carrying capacity is maintained mainly by low-intensity hunting and capturing 

for sale of a few species (blesbok Damaliscus pygargus, blue wildebeest, greater kudu, 

impala, plains zebra Equus quagga). In addition to controlled hunting, non-selective 

poaching of small and medium-sized herbivores using snares, dogs and firearms 

occasionally occurs in the proximity of the perimeter fence. Abundance of large 

herbivores is monitored yearly via helicopter strip counts, undertaken at the end of dry 

seasons. As is typical for arid savannahs, rains concentrate during the wet season, 

occurring from the beginning of October to the middle of the following May (Yarnell et al., 

2007), followed by little or no rain until the following October. This weather regime 

promotes intense seasonal changes in vegetation and water availability, where resources 

are more abundant and nutritious during the wet season than the dry season. 

Approximately 83% of the reserve is covered by savanna grasslands, with the reminder 

comprising woodland, thicket, and natural/artificial water bodies. Each year, up to 

approximately a quarter of the grasslands are burned during the dry season, using slow-

burn techniques against the wind (Yarnell et al., 2007). The pattern of burning follows a 

rotational block fire regime (Brockell et al., 2001), such that most areas of grassland are 

burned every 4-5 years. On occasion, when a dry season follows a wet season with much-

reduced precipitation, burning is suspended or spatially reduced. Burning is used as a 

means of enhancing sward palatability for large herbivores and to reduce tick densities. 
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In addition to the block burning regime, firebreaks between blocks and around the 

perimeter fence are burned yearly. 

Data were collected over five sampling campaigns that occurred at the end of dry (August-

September) and wet (April-May) seasons from August 2016 to October 2018. 
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Figure 3.1. Study Area. Map a) shows the walked transects (dashed lines) and segments 

(red rectangles). Numbers indicate transect id, and black line shows perimeter fence. Map 

b) shows distribution of woody vegetation (green area) considering at a 50x50 m2 

resolution. Maps c) indicate distribution of burn-ages (top row), availability of water 
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(middle row), and road traffic at each segment (bottom row) for each sampling campaign 

(columns one to five). Areas with different intensities of green at first row maps show 

distribution of recently burn (burned no later than two wet seasons ago), intermediate 

burn (burned from three to four wet seasons ago) and old burn (not burned for at least 

five preceding wet seasons). Blue on the middle maps indicates the presence of water 

(50x50 m2 resolution). White to purple areas on the lower maps indicate different levels 

of road traffic (intensity of colours indicates mean numbers of vehicles per hour for the 

whole sampling campaign). 

 

3.3.2. Estimating Animal Abundance 

Large herbivore densities were estimated using line transects. Eight line transects were 

walked during early mornings (one transect per day, between 6-11am) by one observer 

recording sightings of all larger (>2kg) herbivorous mammals, plus ostrich Struthio 

camelus. The latter was included as it is also a large (ca 110 kg) herbivorous species in 

African savannas. Mammals recorded ranged in size from steenbok Raphicerus 

campestris (mean mass 11.2 kg) to white rhino (mean mass 2196 kg). Transects ran in 

parallel, were east-west oriented and located 950 metres from neighbouring transects 

(Figure 3.1a). Northern and southernmost transects were located 475 metres away from 

northern and southern fences, respectively. Transect lengths varied from 1.8 km to 7.7 

km, and each transect was walked 21 times in total (five times during the first season, 

then four times during each of the subsequent seasons), totalling 816 km walked during 

the whole study period. Transects were repeated every 10 to 14 days within a season, 

and neighbouring transect surveys were separated by at least two days to avoid potential 

displacement and double counting effects. Transects were walked in a different direction 

(i.e. E-W or W-E) on subsequent visits to minimise time-related biases in detectability. 

Animals were sighted by eye on both sides of transects. When an encounter occurred, 

species herd size, sex and age composition were described using binoculars (each event 

being referred to as a ‘cluster’; Buckland et al., 2001). The location of each cluster was 

additionally recorded as being within either an open landscape (high visibility) or a 

wood/thicket area (low visibility), in order to explore potential detectability impacts of 
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habitat. The geographical position of the recorder on sighting a cluster was recorded 

using a GPS (Garmin GPSMAP® 60CSx), and the azimuth and distance to the locality of 

first sighting of the cluster was recorded with a compass (Suunto 2015 KB-20/360R G) 

and a rangefinder (Leica Rangemaster CRF 1600-B) respectively. Using the geographical 

location of the recorder, along with the azimuth and distance to a cluster, the position of 

animals was later plotted using QGIS 3.4.6-Madeira (QGIS Development Team, 2019). 

 

3.3.3. Spatial covariates 

To determine environmental covariates that may influence the spatial abundance of 

herbivores, transects were first divided into 80 segments of 475 m length (Figure 3.1a). 

When combined with the mid-distance (475m) between transects on either side of the 

survey line, this resulted in a rectangular grid-cell of approximately 45 ha (950m x 475m). 

These cells covered the 93.16% of the protected area. To ascribe water extent, proportion 

of vegetation burned, presence of woody vegetation, physical infrastructure and road 

traffic to each cell, I summed the extent of each trait that intersected a cell. Given 80 cells 

x five seasons, this resulted in 400 cell descriptions. To estimate water availability within 

cells, all riverbeds and natural ponds within the reserve were surveyed before and after 

performing each transect cycle. When water was found, its geographical location was 

recorded and assigned to cells. To estimate water availability, cells were described using 

both the proportion of their surface covered with water (using a spatial grain of 50 m), and 

its frequency of occurrence, with frequency classified as: (i) “no water”, if no water bodies 

were found within the segment during the whole campaign, (ii) “occasional water”, when 

water bodies were found in at least one of the walking visits, or “permanent water” when 

water was always present in the segment (Figure 3.1c). The proportion of a cell’s area 

that had been burned at different time was categorised in terms of areas of “recently 

burned” habitat (burned no later than two wet seasons ago), “intermediate burn” habitat 

(burned from three to four wet seasons ago), and “old burn” habitat (not burned for at 

least five preceding wet seasons) (Figure 3.1c). Cells were also described by the 

proportion covered by woody vegetation (Figure 3.1b). Each cell was divided by 200 

squares of equal size that were individually classified as with woody vegetation if more 



  
 

46 
 

than half of the surface was covered by trees using Satellite images (©Google LLC). The 

minimum distance from the central point of each cell to the nearest perimeter fence and 

roads, as well as proportion of the cell covered by roads were also calculated. Road traffic 

use coinciding with transects was recorded for each segment by setting GPS loggers (i-

gotU GT-600 and Canmore GT-730FL devices) on all vehicles that transited within the 

reserve. Devices recorded vehicle locations every three minutes from one hour before 

walking a transect to one hour after (5-12am). Then the mean number of vehicles per 

hour for the whole sampling campaign was calculated for each segment (Figure 3.1c). All 

spatial analyses were done using QGIS 3.4.6-Madeira (QGIS Development Team, 2019). 

 

3.3.4. Herbivore Spatial Abundance Analysis 

Density Surface models (DSM; Miller et al., 2013) were used to estimate spatial 

abundance of large herbivores in the reserve. DSMs combine a two-stage approach, 

incorporating both a detection function (Distance Sampling; Buckland et al., 2001) and 

Generalized Additive Model (GAM; Wood, 2006) in order to model spatial abundance of 

species within the protected area. 

 

3.3.4.1. Detection function for herbivore abundance 

Detection functions estimate the decline in detectability with increasing distance from the 

observer (Buckland et al., 2001). Here, detectability was calculated using perpendicular 

distance from sightings to transect lines for all the species that were recorded in at least 

40 events during the 21 walking repetitions (Buckland et al., 2015). Recording events for 

common duiker (Sylvicapra grimmia) and steenbok did not pass this threshold. However, 

as both species have similar morphological and ecological characteristics (both are small, 

retiring, occur only solitarily or in pairs, are principally crepuscular/nocturnal, and typically 

flush from close range), observations from both species were grouped together to 

estimate detectability.  In this situation, “species” was incorporated as a covariate of the 

detection function to explore species-specific variation in detectability (Alldredge et al., 

2007). For all species, truncation distance was limited to 475 m in order to keep detection 
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functions within a cell; this limit was appropriate for almost all species, as it is suggested 

that the most distant 10 percent of observations can usually be discarded in distance 

sampling, and across all species the mean distance of the 90th percentile of observations 

was 640 m. A total 17 candidate detection functions were fitted per species. Candidate 

detection functions considered three potential key functions (uniform, half-normal, 

hazard-rate; Thomas et al., 2010), and also included three covariates that could have 

affected detectability of individuals (Marques et al., 2007). The latter three variable 

comprised: cluster size (continuous variable), visibility when sighting a cluster (a factor 

with four levels; observer within thicket, sighting within thicket, both within thicket, both at 

open landscape), and season (a factor with two levels; dry season, wet season). All 

detection functions were compared using Akaike Information Criterion (AIC; Akaike, 

1974). Candidate models with ΔAIC ≤2 were considered as equivalent (Burnham and 

Anderson, 2002). Model selected for further predictions was the one that excluded 

uninformative parameters (Arnold, 2010; Richards et al., 2011), passed goodness-of-fit 

tests (Buckland et al., 2015) and fit the highest detection probability for the species-

specific data. All statistical analyses were performed using “Distance” package (Miller, 

2020) in R (R version 3.5.2; R Core Team, 2018). 

 

3.3.4.2. Density surface model 

After determining the best detection function for each species, the second modelling 

stage involved building species-specific hierarchical generalized additive models 

(HGAMs; Pedersen et al., 2019) that considered cells as sampling units (n=400) in order 

to model spatial abundance of herbivores within the reserve. Models were built per 

species and included the number of its sightings, the selected detection function and the 

spatial covariates measured at the cell level (Miller et al., 2013), while taking into account 

that transects (and hence cells) were repeatedly visited across five sampling campaigns. 

Sightings and cell information from the fifth walking repetition during the dry season in 

2016 were discarded for the analysis in order to keep a balanced sampling effort across 

seasons (4 walking repetitions per sampling campaign). As was done with the Distance 

sampling, all sightings >475 m from a transect line (and hence falling into a more distant 
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cell) were discarded. The remaining sightings were assigned to cells, and sampling effort 

was calculated as distance walked per transect considering all sampling campaigns. 

A total of 134 DSM candidates that varied on the spatial covariates that included were 

proposed for each species. All candidate models were built with a base model that 

included: (i) geographic coordinates (in metres) as a bivariate covariate with a soap film 

group-level smoother (two levels: dry and wet seasons) that allowed consideration of the 

perimeter fence as a barrier for animal movement (Wood et al., 2008), (ii) season as a 

factor with two levels (dry season, wet season), and (iii) segment id as random intercepts. 

Candidate models varied from one that did not include any extra covariates more than 

the base model to models including up to four extra covariates. Extra covariates were 

grouped in four categories, and only one covariate per category was considered at a time 

to prevent collinearity. Categories were (i) water availability (proportion of the segment 

with water and frequency of water availability), (ii) thicket (proportion of woody 

vegetation), (iii) burn-age (proportion of recently burned, intermediate burn, old burn), and 

(iv) human impact (distance to fence, distance to roads, proportion of roads, and road 

traffic). Unless they were factors, extra covariates had group-level (season) penalized 

thin-plate regression splines as smooth terms (Wood, 2003). All models assumed a 

Tweedie distribution (Candy, 2004; Shono, 2008; Peel et al., 2012), and the smoothing 

selection was defined by marginal likelihood (Wood, 2011; Wood, 2017). The quality of 

models was checked using basis dimension assessments (Wood, 2017), visually 

inspecting plots of residuals and plots of observed vs fitted values as well as checking 

correlograms for spatial autocorrelation. Candidate models were ranked based on AIC 

and deviance explained. The one with the lowest AIC, that excluded uninformative 

parameters (within ΔAIC ≤2), and had highest deviance explained was selected as the 

best model. All statistical analyses were performed using “dsm” package (Miller et al., 

2020) in R (R version 3.5.2; R Core Team, 2018). 

 

3.3.4.3. Estimations of spatial abundance 

Seasonal spatial abundance and seasonal total abundance (pooling estimations from all 

cells together) were estimated using the best density surface model for each species. 
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These total population estimates were compared with abundance estimations from 

helicopter strip counts conducted towards the end of the dry season each year. Species-

specific variance propagation and coefficient of variation were calculated using the delta 

method approach (Cañadas et al., 2018).  Abundance maps were generated using QGIS 

3.4.6-Madeira (QGIS Development Team, 2019). 

 

3.4. Results 

3.4.1. Field data and detection functions 

3,975 observations of 19 species were collected during the five sampling campaigns. 

Species comprised 13 grazers (African buffalo, Syncerus caffer; blesbok; blue wildebeest; 

common ostrich; common reedbuck; common warthog; common waterbuck, Kobus 

ellipsiprymnus; gemsbok; plains zebra; red hartebeest; sable antelope, Hippotragus 

niger; white rhino; tsessebe, Damaliscus lunatus), four mixed feeders (common eland, 

Tragelaphus oryx; greater kudu; impala; steenbok), and two browsers (common duiker; 

giraffe). From those, a total of 3,201 observations (17 species) were considered for 

building detection functions (Table 3.1). These observations correspond to sightings 

registered no farther than 475 m away from transects, and from species that had more 

than 40 records for the whole study period. African buffalo (n= 6) and sable antelope (n= 

7) were discarded from the analysis. Common duiker (n= 22) and steenbok (n= 33) were 

grouped together for estimating detectability, as explained in the methods. All selected 

detection functions passed quality assessments and goodness-of-fit tests. Apart from 

giraffe, red hartebeest and common reedbuck, all detection functions included at least 

one covariate. Figure 3.2 shows average detection functions and histograms for the 17 

modelled species, and Figure A3.1 shows goodness-of-fit tests for each species. 
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Table 3.1. Selected detection functions per species. “n TOT” indicates total observations, 

“n DF” indicates observations considered when building detection functions, “C-vM p-

value” indicates Cramér-von Mises p-value, “Pa ± SE” indicates average detection 

function ± standard error., “CV” coefficient of variation, and “ΔAIC” refers to difference 

between the selected model (considering nested models and deviance explained), and 

the model with lowest AIC. 

Species 
n 

TOT 
n 

DF 
Key 

function 
Covariates 

C-vM 
p-

value 
Pa ± SE CV 

Δ 
AIC 

Blesbok 535 414 
Half-
normal 

season + 
roughness 

0.27 
0.69 ± 
0.03 

0.04 1.72 

Buffalo 7 6 not enough observations 

Duiker - 
Steenbok 

57 55 
Half-
normal 

species + size 0.42 
0.16 ± 
0.02 

0.12 0.00 

Eland 176 141 
Half-
normal 

roughness 0.98 
0.63 ± 
0.05 

0.08 0.42 

Gemsbok 130 105 
Hazard-
rate 

season + 
roughness 

0.90 
0.19 ± 
0.08 

0.41 0.00 

Giraffe 137 104 
Uniform 
(1) 

- 0.87 
0.75 ± 
0.07 

0.10 1.80 

Hartebeest 188 152 
Half-
normal 

- 0.72 
0.66 ± 
0.05 

0.07 1.70 

Impala 543 472 
Hazard-
rate 

season + 
roughness 

1.00 
0.39 ± 
0.03 

0.08 0.00 

Kudu 200 166 
Half-
normal 

roughness 0.54 
0.43 ± 
0.02 

0.06 1.51 

Ostrich 360 273 
Hazard-
rate 

roughness 0.98 
0.68 ± 
0.05 

0.07 2.00 

Reedbuck 77 76 
Half-
normal 
(cos 2,3) 

- 0.99 
0.25 ± 
0.03 

0.11 0.00 

Rhino 74 62 
Hazard-
rate 

Season + size 
+ roughness 

0.16 
0.39 ± 
0.08 

0.20 1.93 

Sable 7 7 not enough observations 

Tsessebe 228 200 
Half-
normal 

roughness 0.49 
0.6 ± 
0.08 

0.14 0.00 

Warthog 142 139 
Hazard-
rate 

season 0.97 
0.12 ± 
0.02 

0.15 0.26 

Waterbuck 273 233 
Hazard-
rate 

size + 
roughness 

0.48 
0.5 ± 
0.10 

0.20 0.00 

Wildebeest 531 390 
Hazard-
rate 

season + 
roughness 

0.70 
0.6 ± 
0.05 

0.09 1.84 

Zebra 310 219 
Hazard-
rate 

size + 
roughness 

0.95 
0.68 ± 
0.05 

0.08 0.00 
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Figure 3.2. Histograms and detection functions of selected models, where a) blesbok, b) 

duiker/steenbok, c) eland, d) gemsbok, e) giraffe, f) red hartebeest, g) impala, h) greater 

kudu, i) ostrich, j) reedbuck, k) white rhino, l) tsessebe, m) warthog, n) waterbuck, o) blue 

wildebeest, p) zebra. Black lines represent mean detectability curves. P and n at right 

upper corners indicate value of detection function (mean ± standard error) and sampling 

size respectively. 
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3.4.2. DSMs and abundance estimations 

2,955 observations were assigned to cells and considered for building DSMs. Apart from 

the warthog model, which only included geographic coordinates and seasons, all selected 

models included at least one additional spatial covariate (Table 3.2). Waterbuck was 

discarded for further analyses because none of its candidate models passed spatial 

autocorrelation assessments.  

Apart from greater kudu and blue wildebeest, mean abundance estimations from the wet 

season were always lower than those from the dry season (mean proportion=0.288 lower 

than dry season; max proportion=0.55 lower in duiker; min proportion=0.09 lower in 

ostrich). Additionally, estimations from the dry season were more alike to estimations from 

helicopter counts: with a mean difference of 30.9% between mean helicopter counts and 

distance sampling estimations per species, amax difference of 76% for warthog (mean 

counts from helicopter counts during the dry season considered 74.6 warthogs in the 

study area, and distance sampling estimations predicted 131.41 individuals during the dry 

season) and a min difference of 0.3% for impala (mean estimation from helicopter count 

considered 407.5 individuals, and distance sampling predicted 408.65 individuals). Apart 

from duiker, gemsbok, impala, common reedbuck and warthog, line transects predicted 

fewer animals in the reserve than helicopter counts. According to mean abundance 

estimates, impala (dry season 408.65 ± 47.24 individuals; wet season 342.24 ± 39.56 

individuals), blue wildebeest (dry season 204.74 ± 25.86 individuals; wet season 246.01 

± 31.07 individuals), blesbok (dry season 187.73 ± 19.81 individuals; wet season 117.45 

± 12.39 individuals), zebra (dry season 186.98 ± 22.74 individuals; wet season 102.16 ± 

12.42 individuals) and warthog (dry season 131.41 ± 24.17 individuals; wet season 

105.68 ± 19.44 individuals) were the most abundant species in the reserve (Figure 3.3; 

Table 3.2). Further details of the DSMs are presented at Table 3.2. 

Abundance maps show that the core occupied areas for the 16 modelled species occur 

in quite different areas within the reserve, and hence they seem to seasonally and 

permanently partition their distributions from each other, despite the apparent habitat 

uniformity at a coarse scale (Figure 3.4). Maps illustrating the spatial abundance of 
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species (and associated coefficients of variation) for each field campaign can be found in 

Figures A3.2 to Figure A3.7 in supplementary materials. 

Table 3.2. Selected density surface models per species. “n” indicates observations 

considered when building the species-specific density surface model, “Covariates” 

indicates extra covariates that were included in the selected model, “R2” indicates 

adjusted R-squared, “DEV.EXP” indicates deviance explained, “ML” marginal likelihood, 

“ΔAIC” refers to difference between current model and model with lowest AIC, “CV” 

coefficient of variation, and “Abun ± SE” indicates mean abundance ± standard error for 

the whole study period. Grey cells indicate species that were discarded for further 

analysis. 

Species n Covariates R2 DEV.EXP ML ΔAIC 
CV 
(%) 

Abun ± 
SE 

Helicopter 

Blesbok 391 
Prop recently burn + 
Freq water + 
Prop road 

0.44 0.47 936.30 0.00 10.53 
183.02 ± 

19.3 
226 

Duiker 21 
Prop water + 
Dist road 

0.07 0.23 105.77 0.00 25.02 
10.77 ± 

2.7 
10.6 

Eland 130 
Prop old burn + 
Prop thicket + 
Traffic 

0.16 0.28 484.78 1.57 14.9 
36.47 ± 

5.43 
59.5 

Gemsbok 96 
Prop recently burn +  
Dist fence 

0.31 0.50 429.09 0.40 43.92 
40.57 ± 
17.82 

33.8 

Giraffe 91 
Prop old burn +  
Dist fence 

0.14 0.30 365.06 0.00 17.75 
20.61 ± 

3.66 
27.8 

Hartebeest 143 

Prop intermediate 
burn + 
Prop thicket +  
Dist fence 

0.12 0.33 489.79 0.00 15.01 
40.37 ± 

6.06 
69.4 

Impala 435 
Prop recently burn +  
Prop thicket +  
Traffic 

0.19 0.31 1292.90 0.00 11.56 
382.08 ± 

44.18 
407.5 

Kudu 145 
Prop old burn + 
Freq water + 
Prop road 

0.14 0.25 506.02 0.00 12.54 
37.52 ± 

4.71 
115.9 

Ostrich 247 
Prop recently burn + 
Prop thicket + 
Prop road 

0.29 0.40 650.65 0.00 10.84 
37.47 ± 

4.06 
50.6 

Reedbuck 73 

Prop intermediate 
burn + 
Prop thicket + 
Freq water 

0.7 79.5 127.47 0.00 14.43 
23.28 ± 

3.36 
20.5 
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Rhino 49 Prop old burn 0.19 0.36 221.44 1.64 25.83 
10.51 ± 

2.72 
15.2 

Steenbok 31 
Prop intermediate 
burn + 
Traffic 

0.09 0.24 117.35 0.00 21.69 
6.53 ± 
1.42 

11.4 

Tsessebe 181 Prop thicket 0.25 0.37 534.80 1.15 16.95 
30.08 ± 

5.1 
43.4 

Warthog 127 - 0.09 0.14 636.15 0.00 18.39 
121.12 ± 

22.27 
74.6 

Waterbuck 220 Discarded because models did not pass spatial autocorrelation assessments   

Wildebeest 365 
Prop old burn + 
Prop thicket + 
Traffic 

0.30 0.50 1044.90 0.00 12.63 
221.25 ± 

27.94 
280.8 

Zebra 210 Dist fence 0.32 0.44 767.06 0.00 12.16 
153.05 ± 

18.61 
205.4 
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Figure 3.3. Abundance estimations at study site per species: a) blesbok, b) duiker, c) 

eland, d) gemsbok, e) giraffe, f) red hartebeest, g) impala, h) greater kudu, i) ostrich, j) 

reedbuck, k) white rhino, l) steenbok, m) tsessebe, n) warthog, o) blue wildebeest, p) 

zebra. Yellow and green bars represent abundance estimations for dry and wet seasons 

respectively, from the first (the leftmost bar) to the fifth (the rightmost bar) field campaigns. 

Black dots represent counts from helicopter surveys that were obtained at the end of dry 

seasons. 
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Figure 3.4. Average spatial abundance for dry (upper row) and wet seasons (second row), where a) blesbok, b) duiker, c) 

eland, d) gemsbok, e) giraffe, f) red hartebeest, g) impala, h) great kudu, i) ostrich, j) reedbuck, k) white rhino, l) steenbok, 

m) tsessebe, n) warthog, o) blue wildebeest, p) zebra. Numbers above maps are average estimations of total abundance 

considering sampling campaigns at dry and wet seasons separately. Intensity of red refers to mean density of individuals 

at each segment.
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3.4.3. Partial effects of environmental covariates 

3.4.3.1. Human infrastructure and movement 

Variables related to anthropogenic disturbances were included in the selected models for 

12 species, and they had partial significant effects on 10 of them. When significant, 

proximity to perimeter fence and road traffic always displayed a negative effect on 

abundance, but there was not a common trend in relation to proportion of roads. 

Distances to perimeter fence had a positive linear effect on the abundance of gemsbok 

during the dry season (edf=1; F=4.726; p<0.03; Deviance explained=50.3%; Figure 3.5a), 

giraffe during the wet season (edf=1; F=4.978; p<0.026; Deviance explained=30.4%; 

Figure 3.5d), red hartebeest during dry (edf=1; F=5.663; p<0.018; Deviance 

explained=33.2%; Figure 3.5g) and wet seasons (edf=1; F=4.143; p<0.043; Deviance 

explained=33.2%; Figure 3.5g), and a positive non-linear effect on zebra during the dry 

season (edf=2.65; F=12.872; p<0.001; Deviance explained=44.2%; Figure 3.5j) and a 

positive linear effect during wet season (edf=1; F=8.575; p<0.004; Deviance 

explained=44.2%; Figure 3.5j). Road traffic had a negative linear effect on the abundance 

of eland during the dry season (edf=1; F=5.429; p<0.02; Deviance explained=28%; Figure 

3.5c), blue wildebeest during dry (edf=1; F=7.750; p<0.006; Deviance explained=49.9%; 

Figure 3.5i) and wet seasons (edf=1; F=13.459; p<0.001; Deviance explained=49.9%; 

Figure 3.5i), and a negative non-linear effect on the abundance of impala when the mean 

number of vehicles per hours was <1.5 (edf=2.391; F=3.291; p<0.019; Deviance 

explained=30.7%; Figure 3.5f). The proportion of a cell covered with roads had a positive 

linear effect on the abundance of greater kudu during the dry season (edf=1; F=20.467; 

p<0.001; Deviance explained=25.1%; Figure 3.5e), and a positive non-linear effect on 

ostrich during the dry season (edf=3.313; F=3.117; p<0.02; Deviance explained=40.1%; 

Figure 3.5h). By contrast, it had a negative linear effect on the abundance of blesbok 

during the dry season (edf=1; F=24.737; p<0.001; Deviance explained=46.9%; Figure 

3.5b), and a non-linear effect during the wet season: being negative when proportion was 

<0.2, and positive effect when it was >0.2 (edf=2.854; F=11.543; p<0.001; Deviance 

explained=46.9%; Figure 3.5b). 
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Figure 3.5. Predicted partial effects of distance to fence (a,d,g,j), proportion of roads 
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(b,e,h) and road traffic (c,f,i) on the abundance of large herbivores at segment level (50 

ha). Where: a) gemsbok, b) blesbok, c) eland, d) giraffe, e) greater kudu, f) impala, g) red 

hartebeest, h) ostrich, i) blue wildebeest, j) zebra. Straight and dotted lines are predicted 

effects with their standard errors respectively. Red and blue lines indicate predicted 

effects for dry and wet seasons respectively. Only significant effects are shown. 

 

3.4.3.2. Proportion of burn 

Proportion of burn (recently, intermediate and old burn) was included in the models of 12 

species, and it presented partial significant effects on 9 of them. Species abundance was 

differently affected by burn-age, and there was not a common trend among different 

species. Proportion of recently burn had a positive linear effect on the abundance of 

blesbok during dry (edf=1; F=8.935; p<0.003; Deviance explained=46.9%; Figure 3.6a) 

and wet seasons (edf=1; F=32.552; p<0.001; Deviance explained=46.9%; Figure 3.6a), 

and on impala during the wet season (edf=1; F=14.452; p<0.001; Deviance 

explained=30.7%; Figure 3.6f). On the contrary, it had a negative linear effect on the 

abundance of gemsbok during the dry season (edf=1; F=8.329; p<0.004; Deviance 

explained=50.3%; Figure 3.6d), and a non-linear effect on ostrich during the wet season: 

being negative when it was <0.2, and positive when it was >0.8 (edf=2.042; F=3.445; 

p<0.021; Deviance explained=40.1%; Figure 3.6h). Proportion of intermediate burn had 

a positive linear effect on the abundance of red hartebeest during the dry season (edf=1; 

F=4.51; p<0.034; Deviance explained=33.2%; Figure 3.6b). Proportion of old burn had a 

positive linear effect on the abundance of giraffe during the wet season (edf=1; F=7.577; 

p<0.006; Deviance explained=30.4%; Figure 3.6e), and on greater kudu during the dry 

season (edf=1; F=5.636; p<0.018; Deviance explained=25.1%; Figure 3.6g). Additionally, 

it had a non-linear effect on the abundance of eland during the wet season, being positive 

when the proportion was >0.6 (edf=2.201; F=4.003; p<0.012; Deviance explained=28%; 

Figure 3.6c), and on white rhino during the wet season, being positive when the proportion 

was >0.8 (edf=1.889; F=4.026; p<0.016; Deviance explained=35.5%; Figure 3.6i). 
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Figure 3.6. Predicted partial effects of proportion of recently (a,d,f,h), intermediate (b) 
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and old burn (c,e,g,i) on the abundance of large herbivores at segment level (50 ha). 

Where: a) blesbok, b) red hartebeest, c) eland, d) gemsbok, e) giraffe, f) impala, g) greater 

kudu, h) ostrich, i) white rhino. Straight and dotted lines are predicted effect with their 

standard errors respectively. Red and blue lines indicate predicted effects for dry and wet 

seasons respectively. Only significant effects are shown. 

 

3.4.3.3. Proportion of thicket 

Proportion of thicket was included in the best model for seven species, and it presented 

significant partial effects on six of them. Species abundance was differently affected by 

thicket, and there was not a common trend among different species. It had a negative 

linear effect on the abundance of four species: red hartebeest during the dry season 

(edf=1; F=9.987; p<0.002; Deviance explained=33.2%; Figure 3.7a), ostrich during the 

dry season (edf=1; F=7.233; p<0.008; Deviance explained=40.1%; Figure 3.7c) , 

common reedbuck during dry (edf=1; F=20.245; p<0.001; Deviance explained=50.6%; 

Figure 3.7d) and wet seasons (edf=1; F=20.245; p<0.001; Deviance explained=50.6%; 

Figure 3.7d), and tsessebe during the dry season (edf=1; F=9.818; p<0.002; Deviance 

explained=36.7%; Figure 3.7e). On the contrary, it had a positive linear effect on the 

abundance of impala during the dry season (edf=1; F=6.35; p<0.012; Deviance 

explained=30.7%; Figure 3.7b), and a non-linear effect during the wet season: being a 

positive effect when proportion of thicket was <0.2, and negative effect when it was >0.2 

(edf=2.857; F=5.972; p<0.001; Deviance explained=30.7%; Figure 3.7b). Similarly, 

proportion of thicket had a non-linear effect on the abundance of blue wildebeest during 

the wet season: being a positive effect when the proportion was <0.2, and a negative 

effect when it was >0.2 (edf=2.804; F=4.004; p<0.006; Deviance explained=49.9%; 

Figure 3.7f). 
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Figure 3.7. Predicted partial effects of proportion of thicket on the abundance of large 

herbivores at segment level (50 ha). Where: a) red hartebeest, b) impala, c) ostrich, d) 

reedbuck, e) tsessebe, f) blue wildebeest. Straight and dotted lines are predicted effect 

with their standard errors respectively. Red and blue lines indicate predicted effects for 

dry and wet seasons respectively. Only significant effects are shown. 

 

3.4.3.4. Water availability 

Variables related to water availability (proportion and frequency of water) were included 

in models for four species, but only one of them had significant partial effects on 

abundance. Frequency of water had significant effects on the abundance of common 

reedbuck. After Tukey comparisons with 95% confidence level, common reedbuck was 

similarly abundant in segments with occasional and permanent water (permanent-

occasionally= 0.06 ± 0.43; z-value=0.145; p=0.99), but less abundant in segments with 

no water (permanent-no water= -1.51 ± 0.64; z-value=-2.35; p=0.048 // occasionally-no 
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water= -1.57 ± 0.64; z-value=-2.45; p=0.04). Table 3.3 summarizes effects of spatial 

covariates on abundance. 
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Table 3.3. Seasonal effects of spatial covariates on abundance. “Tot cov” indicates total spatial covariates in the density 

surface model. Grey cells indicate covariates included in the model, “+” indicates that the covariate had a significant positive 

linear effect on abundance, “-” indicates that the covariate had a significant negative linear effect on abundance, “nl” 

indicates that the covariate had a significant non-linear effect on abundance, and “ns” indicates that the covariate had a 

non-significant effect on abundance. Direction, type and significance of seasonal effects are presented as follows “(effect 

during dry season / effect during wet season)”. 

Species 
Tot 
cov 

Prop 
recent 
burn 

Prop 
inter burn 

Prop old 
burn 

Prop 
thicket 

Prop 
water 

Freq 
water 

Dist 
fence 

Dist road 
Prop 
road 

Traffic 

Blesbok 3 (+ / +)         (ns)*     (- / nl)   

Duiker 2         (ns / ns)     (ns / ns)     

Eland 3     (ns / nl) (ns / ns)           (- / ns) 

Gemsbok 2 (- / ns)           (+ / ns)       

Giraffe 2     (ns / +)       (+ / ns)       

Hartebeest 3   (+ / ns)   (- / ns)     (+ / +)       

Impala 3 (ns / +)     (+ / nl)           (ns / nl) 

Kudu 3     (+ / ns)     (ns)*     (+ / ns)   

Ostrich 3 (ns / nl)     (- / ns)         (nl / ns)   

Reedbuck 3   (ns / ns)   (- / -)   (s)*         

Rhino 1     (ns / nl)               

Steenbok 2   (ns / ns)               (ns / ns) 

Tsessebe 1       (- / ns)             

Warthog 0                     

Wildebeest 3     (ns / ns) (ns / nl)           (- / -) 

Zebra 1             (nl / +)       
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3.5. Discussion 

This study presents seasonal variations in the spatial abundance of 16 large herbivores 

species that co-occur in a fenced arid savanna. Previous studies have used Density 

Surface Models to reveal spatial abundance of single herbivore species (e.g. roe deer in 

Spain, Valente et al., 2016; Svalbard reindeer Rangifer tarandus platyrhynchus in 

Norway, Le Moullec et al., 2017; guanaco in Argentina, Schroeder et al., 2018; Antún and 

Baldi, 2020), competition with livestock (e.g. guanacos and livestock in Argentina 

Schroeder et al., 2014; African ungulates and livestock in Kenya Tyrrell et al., 2017) or 

considering a few coexisting species from more diverse environments (four African 

ungulates in Kenya Tyrrell et al., 2017), but to date these models have not been applied 

to highly diverse communities of large herbivores. Using this approach, I detected subtle 

differences in individual species’ preferences for habitat structure and water availability, 

and that these preferences varied between seasons in some species. Such subtle 

variation in preferences probably facilitate the coexistence of such large numbers of 

ungulate species, and results in their quite different spatial utilisation of what, at first 

appearance, might be considered a relatively uniform site. Spatial segregation of 

sympatric species with similar requirements have been reported before in large 

herbivores, such as red deer and Alpine Chamois in Switzerland (Anderwald et al., 2016), 

feral horse Equus caballus, pronghorn Antilocapra americana and mule deer Odocoileus 

hemionus in USA (Hall et al., 2018), bighorn sheep and mountain goat in USA (Lowrey 

et al., 2018), four duiker species in Gabon (Nakashima et al., 2020), and for aoudad 

Ammotragus lervia and Iberian ibex Capra pyrenaica in Spain (Pascual-Rico et al., 2020). 

Spatial abundance models for multiple coexisting species have been produced before for 

different species, e.g. marine birds (Winiarski et al., 2014; Fifield et al., 2017), forest 

species (Devenish et al., 2017) and marine mammals (Herr et al., 2009; Dellabianca et 

al., 2016; Nichol et al., 2017). The simultaneous estimation of abundance and its spatial 

distribution may be useful for improving the management and conservation of target 

species (Miller et al., 2013), especially for species with confined distributions and 

seasonal movements. 
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3.5.1. Availability of resources (bottom-up influence on spatial abundance) 

All selected models in this study included a covariate that described either vegetation 

structure or water availability, highlighting the key role of natural resources in the spatial 

abundance of these animals (Veldhuis et al., 2019; Kihwele et al., 2020; Owen-Smith et 

al., 2020). Large herbivores were each affected differently by vegetation structure and 

water, and these responses may be influenced by niche specialization, in terms of diet 

and water dependence, as well as by their energy requirements (Pansu et al., 2018; 

Boyers et al., 2019; McShea et al., 2019; Kihwele et al., 2020). While some responses 

clearly reflect food preferences; for example browsers such as eland, giraffe and greater 

kudu were attracted to non-burned areas where woody vegetation may be better 

preserved. By contrast, the grazers blesbok, impala and ostrich were attracted to grass 

flushes at recently burned sites (O’kane and Macdonald, 2018), and other grazers 

avoided areas with higher proportion of woody vegetation where palatable grass may be 

more scarce. Different responses to the environmental variables among species within 

the same feeding guild (i.e. grazers, browsers, mixed feeders) could reflect strategies for 

reducing interspecific competition (Kihwele et al., 2020; Nakashima et al., 2020; Pascual-

Rico et al., 2020). Variability in responses may also reveal strategies for avoiding 

predators (Gaynor et al., 2019; Smith et al., 2019), which may indirectly help to regulate 

exploitation of resources (Tablado et al., 2016; Otieno et al., 2019; Owen-Smith, 2019). 

 

3.5.2. Fear to humans (top-down influence on spatial abundance) 

The distribution of around two thirds of the modelled species (blesbok, eland, gemsbok, 

giraffe, red hartebeest, impala, greater kudu, ostrich, blue wildebeest and plains zebra) 

appeared to be significantly affected by anthropogenic infrastructure (roads and perimeter 

fence) and road traffic. Distance to perimeter fence and road traffic had a negative effect 

on abundance among herbivores, regardless of body mass (ranging from impala 49.1 kg 

to giraffe 1117.5 kg) or whether the species were targeted for hunting. Despite the 

frequent occurrence of habituation by species when hunting/harassment is absent 

(Marino and Johnson, 2012; Mulero-Pázmány et al., 2016; Schroeder et al., 2018), my 

results suggest that the negative perception of humans by mammals may be transversal 
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and echoed across the whole ecological guild in the study area, regardless of whether or 

not they are hunted. This is the first study to my knowledge that reports negative impacts 

of humans on the occurrence of a wide range of non-target species. It must also be borne 

in mind, however, that illegal hunting of other species (e.g. poaching of rhino, illegal 

hunting of warthogs by local communities), which tend to occur in the proximity of 

perimeter fence, may also shape the human response across a wider component of the 

ungulate guild. Previous studies have reported negative effects on non-target species 

when hunting with dogs (for roe deer in Italy Grignolio et al., 2011; porcupine Hystrix 

cristata in Italy Mori, 2017), which may explain avoidance of poaching areas by non-target 

species, but there is no reported negative impacts on non-target species near roads, 

which may be the situation for eland in areas with high road traffic. There was no common 

trend among species, in terms of their response to the presence of roads. This may 

suggest that utilization of roads (road traffic) could better explain perceived fear towards 

humans than the presence of roads itself. 

Smaller abundance estimations for greater kudu and blue wildebeest from walked 

transects compared to helicopter strip counts could be a result of avoidance of humans 

on the ground. Both are hunting-target species within the reserve; thus, they may perceive 

humans as a threat and be adjusting their behaviours to reduce encounters with them or 

not being seen by them (Ciuti et al., 2012). Other research has shown that when 

combined with negative impacts, species behaviours are consistent with a perceived fear 

of humans, their activities as well as buildings and infrastructure (Nickel et al., 2020), and 

this can be similar to their perceived fear of natural predators (e.g. Neotropical rainforest 

mammals, Mendes et al., 202; wild boar in Germany, Johann et al., 2020; carnivores in 

the USA, Nickel et al., 2020) or even exceed it (e.g. elk in Canada, Ciuti et al., 2012). 

Managers must consider that hunting and poaching may provoke a negative non-lethal 

effect on entire communities, regardless of whether all species are hunted or not. Illegal 

and controlled hunting may reduce the ability of herbivores to exploit all areas of a reserve 

to the full, thereby limiting carrying capacity. I recommend that hunting must be 

predictable for animals, and temporally and spatially planned, e.g. limiting hunting to 

specific seasons, time during the day and areas, to reduce the generalized perception of 
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fear that animals may have towards humans within their landscape, such as avoiding 

feeding sites (Frid and Dill, 2002; Journeaux et al., 2018). Spatial planning of hunting may 

help herbivores to find temporal and spatial refugia, and to prevent affecting their feeding. 

Managers must keep on mind that reducing large herbivores perception of fear to their 

surroundings will help to maximize their carrying capacity. 

 

3.5.3. Burning regime 

My results show that burning vegetation can contribute increasing landscape 

heterogeneity, which can help maximizing the abundance and richness of large 

herbivores in protected areas. Nevertheless, managers must implement this action with 

caution. When overused, in terms of frequency and spatial extent of burning, it may 

reduce landscape complexity (Connell, 1978; Veldhuis et al., 2019). This can reduce 

niche opportunities and thereby increase interspecific competition (Diplock et al., 2018; 

Pansu et al., 2018; Alves et al., 2020). Despite was not included in my study, it has been 

documented that vegetation burning and creating artificial water points, can also 

negatively affect non-target species (Gallo and Pejchar, 2016). Such negative by-

products of management have been recorded for small mammals (Yarnell et al., 2007), 

invertebrates (Radford and Andersen, 2012; Bhaskar et al., 2019), and birds (Saab and 

Powell 2005; Docherty et al., 2020). Additionally, the attraction of large herbivores to 

recently burned areas (“magnet effect”) or artificial water points may promote detrimental 

overgrazing (McNaughton, 1984; Archibald et al., 2005; Fuhlendorf et al., 2009; Smit and 

Archibald, 2019; Westlake et al., 2020). 

 

3.6. Conclusions 

Abundance maps can help to visualize spatial segregation of sympatric large herbivores 

in highly diverse arid savannas. Here spatial abundance may be defined by trade-offs 

between choosing areas with high-quality resources and reducing encounters with 

humans. Managers must keep on mind that reducing large herbivores perception of fear 

to their surroundings, apparently caused by illegal and controlled hunting, may  help 
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animals to reduce their spatial avoidance to roads and fences, thus to maximize their 

carrying capacity at protected areas. Regarding feeding opportunities, prescribed fire in 

the study area seems to contribute to landscape heterogeneity and to increase density 

and diversity of large herbivores.   
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4. THE IMPACTS OF PRESCRIBED BURNING REGIMES ON GRASS VOLUME 

AND TICK ABUNDANCE IN AN ARID SAVANNA: A COMMUNITY-LEVEL 

APPROACH 

 

Steenbok (Raphicerus campestris) | ©Nicolás Fuentes-Allende 
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4.1. Abstract 

Ticks act globally as vectors to spread a large variety of disease-causing agents. In 

grassland habitats, burning is often used to reduce their numbers. However, little 

consensus exists regarding the effectiveness of this management. Management 

methods, habitat type and ecological traits of the tick species may all influence the 

outcomes of control attempts. Additionally, management effectiveness is usually 

assessed in terms of tick reductions without considering wider community impacts. Here, 

path diagram models, built using data from 126 grassland sampling locations from a 

South African protected area, were used to assess the simultaneous effects of patch 

burning and precipitations on ticks, ungulates and grass communities. Models indicated 

that tick abundance was significantly lower within the first year after burning, but thereafter 

there were no significant effects. Burning also negatively impacted grass volume for three 

to four years following a burning event. Rainfall had a positive effect on both tick 

abundance and grass volume, and the latter also had a positive effect on tick abundance. 

Prescribed fire had no effect on local density of ungulates, but animals tended to disperse 

when rainfall increased. The results suggest that tick abundance is mainly influenced by 

fire, vegetation and precipitation, but not by density of their hosts, and that local density 

of ungulates and usage of their feeding sites was influenced by precipitation. Managers 

must keep on mind that controlling ticks may change composition and/or structure of 

ecosystems, thus monitoring simultaneous effects of their actions on non-target 

components is needed to assure long-term stability of their environments. 

 

4.2. Introduction 

Ticks are a concern worldwide for human health (Eisen et al., 2016; Kilpatrick et al., 2017; 

Mac et al., 2019), welfare of domestic and wild animals (Randolph 2000; Mansfield et al., 

2017; de la Fuente et al., 2017; Spare et al., 2020), and economic activities (Jabbar et 

al., 2015). They parasitise every class of terrestrial vertebrates (Sonenshine and Roe 

2014), and are important vectors in the spread of many disease-causing agents (Jongejan 

and Uilenberg 2004; Spare et al., 2020), such as viruses, parasites, and bacteria 

(Mansfield et al., 2017). Annual global financial losses caused by ticks have been 
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estimated at between $14–$19 billion (Jabbar et al., 2015; Mac et al., 2019) with higher 

impacts in developing countries (Kivaria 2006; Narladkar 2018; Shuaib et al., 2020). 

The most common methods for reducing infestation risk by ticks are habitat modifications, 

patch burning, acaricides (substances poisonous to mites or ticks), tick traps, and creating 

exclosures to separate wild and domestic hosts (White and Gaff 2018). Patch burning 

uses fire to create variation in the composition and structure of the plant community (Polito 

et al., 2013) and is often used to reduce tick densities in the environment (Cully 1999). 

However, its effectiveness in tick management has been questioned and may depend on 

the ecological traits of ticks (Mather et al., 1993; Horak et al., 2006) and their hosts (Horak 

et al., 2006; Allan 2009), as well as on habitat (Drew et al., 1985) and landscape (Simpson 

et al., 2019) variables, as well as on the fire regimes themselves (Davidson et al., 1994; 

Stafford et al., 1998; Cully 1999; MacDonald et al., 2018). Independently, there is 

consensus that long-term patch-burning regimes can keep both environmental tick 

density and host infestation risk low (Gleim et al., 2013; Polito et al., 2013; Gleim et al., 

2019; Hodo et al., 2020). Implicitly, patch burning is a disturbance that produces changes 

in whole environments; its performance in pest control usually focuses on directly killing 

ticks, without estimating the simultaneous effects on vegetation, tick hosts, and the 

relationships between them. 

Here I address this potential oversight by building path diagram models to assess the 

effectiveness of prescribed fire on ticks, and the simultaneous effects on their hosts and 

on vegetation. I collected data on ticks, ungulates, vegetation structure, and water 

availability in a South African arid savanna that has been managed long-term using 

regular block-burning (Docherty et al., 2020). Data were collected from patches of 

different burn-ages and visited from 2016 to 2018 at the end of wet and dry seasons. I 

hypothesised that fire would be effective controlling ticks in the environment, but with 

unknown impacts on other components of the ecosystem. The aim of the research was 

to provide evidence to managers of savanna sites on the implications of burning on 

different components of the environment. 
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4.3. Methodology 

4.3.1. Study area 

Data were collected at Mankwe Wildlife Reserve (MWR) (25°13’39’’S 27°17’50’’E; Figure 

4.1), a 3,875 ha private game reserve located in the South African arid savanna. MWR is 

home to over 2,000 ungulates of 19 species, maintained principally for conservation and 

research purposes. The reserve does not practice direct (acaricide) tick management on 

animals, and their movement in and out of the reserve is prevented by a 3 m electrified 

perimeter fence. Rains typically concentrate during a wet season, occurring from the 

beginning of October to the middle of the following May (Yarnell et al., 2007), and there 

is limited rainfall in the period May-October. The reserve consists largely of savanna 

grasslands (83% cover), which are managed with a rotational block fire regime (Brockell 

et al., 2001). Burning is motived primarily to increase grass palatability for large 

herbivores, though reducing tick density is a potential secondary benefit. Each year, 

managers aim to burn approximately 25% of the grasslands at MWR during the dry 

season, using slow-burns against the wind (Yarnell et al., 2007). Each block burn is 

repeated every four to five years. In addition, firebreaks between blocks and around the 

perimeter fence are burned annually (Figure 4.1e). Non-grassland areas, such as 

woodland, thicket, and seasonal wetlands, are not burned as part of the prescribed fire 

management. 

 

4.3.2. Tick and vegetation data 

Data for ticks and vegetation were collected from 126 systematically distributed sites 

(Figure 4.1a) that were sampled once at the end of each dry (August-September) and wet 

(April-May) season from August 2016 to September 2018, resulting in five sample periods 

per site (three dry seasons and two wet seasons). Sites sampled all burn block areas and 

were separated from other sites by 500-700 m. Depending on burn-age, points were 

grouped in five categories, those burned: i) within the past 12 months, ii) between one 

and two years ago, iii) between two and three years ago, iv) between three and four years 

ago, and v) burned more than four years ago (Figure 4.1e). Sampling of ticks occurred 
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during the afternoon (between 2pm and 7pm), avoiding midday high temperatures that 

might reduce tick activity (Walker et al., 2003), and avoiding periods of unsuitable weather 

(rain and windy days) or when the vegetation was wet (Cully 1999; Mierzejewska et al., 

2015). 

Figure 4.1. Study area. Dots indicate sample locations for the five sampling campaigns 

(From Dry season 2016 to Dry season 2018), and black lines represent the perimeter 

fence. Size of dots represents a) mean number of tick larvae, b) grass volume, and c) 

local density of ungulates per season. Section d) shows variation of water availability 

along seasons, and e) burn-age at sample location. 

Ticks that are host-seeking, typically referred to as questing ticks (Rulison et al., 2013), 

are considered a good proxy for tick burdens on animals (Gilbert et al., 2017). Hard ticks, 
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belonging to the family Ixodidae, were sampled at each point by drag sampling (Piesman 

et al., 1986; Carroll and Schmidtmann 1992; Newman et al., 2019). Drag sampling 

entailed dragging a 1.5 m x 1.5 m flannel cloth over the grass layer and ground litter along 

two parallel transects of 75 m length with randomly selected directions from the sampling 

location (north, south, east, west, north-west, north-east, south-west and south-east). 

After dragging, ticks were immediately collected from both sides of the cloth using a lint 

roller with an adhesive surface and stored in plastic bags for later identification. Ticks 

were classified, using a dissecting microscope (Olympus SZ Stereo Microscope) by life 

stage (larvae, nymph and adults) and species using the identification key from Walker et 

al., 2003. Tick abundance was calculated as the mean number of ticks in the sampling 

site considering both transects. 

Vegetation sampling was performed after tick collection, sampling in same direction of 

the first drag sampling. Grass cover, defined as the area physically covered by plant parts 

(Herrick et al., 2005), and grass height were estimated for each point using point-intercept 

transects (Elzinga et al., 1998; Herrick et al., 2005; Godínez-Alvarez et al., 2009). Grass 

cover and grass height were recorded at 1.5 m intervals along the transect for 75 m 

(Elzinga et al., 1998). At each point, a vegetation sampling pin was dropped vertically, 

and the height of the tallest grass contacted by the pin recorded (Herrick et al., 2005). 

Bare ground was recorded wherever grass cover was absent or dead. Proportional grass 

cover was calculated as the proportion of pins that recorded at least one grass contact. 

In order to explore the combined effect of both grass cover and grass height on tick 

abundance, I included in my analysis the mean grass volume (m3) in the sampling site 

(Figure 4.1b). 

 

4.3.3. Ungulate and water data 

I In addition to tick and vegetation information from sample points, data on ungulate 

density (see Chapter 3), the distance from a point to the nearest non-dry stream/water 

point, and accumulated rainfall were also collected, as described below. Ungulate density 

was estimated, using Density Surface Models (DSM; Miller et al., 2013) with 45 ha of 

spatial resolution (equivalent to a circle of radius 380 m), for each field campaign. In order 
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to keep ungulate density comparable between sampling seasons, I calculated the 

proportion of ungulates at sampling sites in relation to the predicted abundance for the 

whole reserve for each field campaign (Figure 4.1c). Distance to nearest non-dry water 

sources was included as it was considered that water proximity would be related to 

ungulate usage/passage through an area. It was obtained from surveying all riverbeds 

and ponds within the reserve and georeferencing non-dry water bodies every 10 days, 

over the entire course of the sampling period, then measuring the distance in metres from 

sampling locations to the nearest water source (Figure 4.1d). Accumulated rainfall 

(measured in mm) for the previous 60 days prior to visiting each sampling point was 

obtained averaging data from four rain gauges that were located across the reserve. I 

considered the previous 60 days in order to capture seasonal changes in precipitation. 

 

4.3.4. Data analysis 

Structural Equation Modelling (SEM; Grace 2006) was used to estimate the simultaneous 

effects of burning on ticks, ungulates and grasslands from a path diagram perspective. 

This is a multivariate modelling approach where variables are connected to each other by 

causal paths, they can be both predictors and responses, and effects on response 

variables are estimated considering contribution of all variables simultaneously (Grace, 

2006). I used a piecewise SEM approach (Lefcheck, 2016), a variation of classical SEM 

that allows random effects and consists of separate sub-models which are combined and 

linked into one global SEM. 

An ecologically plausible SEM was proposed (“full model”, Figure 4.2), which included six 

variables (burn-age, accumulated rainfall over the last 60 days, distance to the nearest 

natural water source, abundance of ticks, density of ungulates, and grass volume). This 

consisted of four sub-models that predicted: (i) distance to nearest water source, (ii) 

density of ungulates, (iii) grass volume, and iv) tick abundance; and the following 

relationships: (i) rainfall as a predictor for distance to nearest water source, grass volume, 

abundance of ticks, and ungulates, (ii) distance to nearest water source as a predictor for 

grass volume, tick abundance and density of ungulate, (iii) burn-age as a predictor for 

abundance of ticks, ungulates, and grass volume, (iv) ungulate density as a predictor of 
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grass volume and tick abundance, and v) grass volume as a predictor of tick abundance 

(Figure 4.2). The path diagrams were built considering positive correlations between 

rainfall and tick abundance (Walker et al., 2003), and rainfall and grass volume (Bucini 

and Hanan, 2007), a negative correlation between rainfall and density of ungulates at 

sampling locations (precipitations increase availability of palatable vegetation which 

allows ungulates to reduce local densities and spread around), and a negative correlation 

between distance to nearest non-dry water source and tick abundance, ungulate density 

and with grass volume. 

Figure 4.2. Path diagram of the hypothesized structural equation model (Full Model), 
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where arrows indicate pathways going from explanatory to response variables. Dashed 

black line encloses variables affected by burn-age. Plus and minus signs indicate positive 

and negative correlation between variables, respectively. 

All sub-models were linear mixed-effects models LMMs with sampling points as random 

intercepts, and used maximum likelihood for fitting. Model quality was evaluated by 

observing Q-Q plots. Variables were log- (abundance of ungulates and ticks) or square 

root-transformed (distance to water body and accumulated rainfall) to meet normality 

assumptions, and scaled (x−x¯/𝜎x) to produce standardized and comparable coefficients 

among predictors. 

A backward stepwise approach was used to find a reduced model that best explained the 

data. Starting from the proposed “full model”, I eliminated one term at a time and 

compared models with and without the term using Akaike Information Criterion (AIC; 

Akaike, 1974). AIC was calculated using Fisher’s C statistic (Shipley, 2013). If AIC of a 

reduced model was smaller than or equal to the one from a previous step, I continued 

one more step discarding relationships. Models that did not passed directional separation 

tests (Fisher’s C statistic P values < 0.05; Shipley 2009) were discarded. The model with 

the lowest AIC was considered for analysis. Models with ΔAIC <2 were considered as 

equivalent (Burnham and Anderson, 2002) with the one that contained the fewest 

relationships between variables chosen (Arnold, 2010; Richards et al., 2011). 

Once a model was chosen, I estimated coefficients and described the effects of burn-age 

on tick abundance, ungulate density, and grass volume as well as effects of rainfall and 

distance to water sources and between them. Similarly, using the same selected top 

model, I ran a multi-group analysis by grouping data by burn-age to assess if relationships 

between variables differed between burn-age categories. In order to assess if my results 

differed between seasons, I ran the analysis three times: (i) considering all data together 

(global analysis), (ii) considering only dry season data, and (iii) considering only wet 

season data. All statistical analyses were performed using R (R version 3.5.2; R Core 

Team 2018). LMMs were implemented with the “lme” function of the “nlme” R package 

(Pinheiro et al., 2014). Piecewise SEMs and multigroup analyses were run with the 

“psem” and “multigroup” functions of the "piecewiseSEM" R package (Lefcheck 2019). 
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Estimated marginal means were calculated using “emmeans” function of the “emmeans” 

R Package (Lenth et al., 2020). All spatial analyses were performed using QGIS 3.4.6-

Madeira (QGIS Development Team, 2019). 

 

4.4. Results 

604 out of 623 sampling locations visited were included in the analysis (352 sampling 

locations during the dry season, and 252 sampling locations during the wet season). 

Points that were excluded were confounded by anthropogenic actions outside of the 

described study parameters (e.g. vegetation was removed for building roads or they were 

fenced to exclude ungulates from their surroundings). In total, 23,801 questing ticks were 

collected during the five field campaigns. As a result of the low number of adults/nymphs 

collected (2.89% of total individuals), only larvae (23,112 individuals) were considered in 

the analysis. Adult tick species found were Rhipicephalus microplus (n = 619 individuals), 

Rhipicephalus appendiculatus (n = 32), Rhipicephalus evertsi (n = 31), and Ixodes spp. 

(n = 6). Due to the occurrence of a severe drought from 2015- 2016 no burning was 

undertaken during the dry season of 2016.  Consequently, it was not possible to collect 

data from early post-burn points at the beginning of the study (see Table 4.1 for 

information about field campaigns and data collected). 

None of the selected ‘best’ models fitted to global, dry and wet season data included (i) 

ungulate density as a predictor of tick abundance, or (ii) rainfall as a predictor of distance 

to water source as it was suggested (Figure A4.1). Additionally, the best model fitted to 

wet season data excluded the effect of grass volume on tick abundance. Table 4.2 shows 

further information about the candidate and selected ‘best’ models for each set of data. 

The effect of ungulate density on grass volume was not significant for any of the three 

models, and the effects of (a) distance to water source, and (b) rainfall, on grass volume 

were not significant in the wet season model (Figure 4.3). The selected global model 

showed i) significant negative effects of distance to nearest water source on grass volume 

and tick abundance, but a significant positive effect on ungulate density, ii) positive effects 

of accumulated rainfall on tick abundance and grass volume, but a significant negative 
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effect on ungulate density, and iii) a significant positive effect of grass volume on tick 

abundance. 

Table 4.1. Field campaigns information. Columns 1-5 show visits 1-5. Column “All visits” 

shows aggregated information from all campaigns. “Mean ± SD” refers to mean values ± 

Standard Deviation. “points in analyses” refers to points that were included in analyses. 

“ind/45ha” refers to ungulate individuals per 45 ha. 

Field campaign 1 2 3 4 5 All visits 

Season dry wet dry wet dry - 

Year 2016 2017 2017 2018 2018 - 

Date (day/month) 
31/08 – 
05/11 

05/04 – 
21/05 

27/08 – 
12/10 

10/04 – 
18/05 

25/08 – 24/09 - 

Accumulated rainfall 
(mm) 

25 818 56 574 20 1492 

Sampling points 
visited (points in 
analyses) 

119(100) 126(126) 126(126) 126(126) 126(126) 623(604) 

Total points burn-
age 0-1 years old 

0 0 15 37 23 75 

Total points burn-
age 1-2 years old 

12 13 0 0 30 55 

Total points burn-
age 2-3 years old 

31 36 7 6 0 80 

Total points burn-
age 3-4 years old 

26 27 36 36 6 131 

Total points burn-
age >4 years old 

50 50 68 47 67 282 

Mean ± SD distance 
water (m) 

726 ± 451 330 ± 240 372 ± 245 389.6 ± 307.1 1033.9 ± 901.6 568.7 ± 564.8 

Total larvae 1586 11622 4424 3592 1888 23112 

Mean (±SD) larvae 13 ± 28 92 ± 369 35 ± 57 29 ± 43 15 ± 101 37 ± 177 

Mean ± SD cover 
grass (proportion) 

0.4 ± 0.16 0.91 ± 0.11 0.67 ± 0.23 0.92 ± 0.1 0.62 ± 0.29 0.71 ± 0.27 

Mean ± SD height 
grass (m) 

0.36 ± 0.16 0.8 ± 0.19 0.62 ± 0.2 0.8 ± 18 0.67 ± 0.19 0.66 ± 0.24 

Mean ± SD volume 
grass (m3) 

17.8 ± 12.5 82.3 ± 23.3 50.1 ± 25.3 83.7 ± 21.7 50.1 ± 27.9 58.1 ± 33 

Mean ±SD 
ungulates (ind/45ha) 

17.3 ± 7.8 14.1 ± 9.4 18.5 ± 9.3 18 ± 15.9 19.1 ± 9 17.4 ± 10.8 
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Table 4.2. Path diagram models fitted for Global data, Dry season data and Wet season 

data. Highlighted cells indicate the selected model for the global analysis, the dry season 

data and wet season data. “name” refers to the name of models, “Discarded” shows which 

relationships between variables that were included in the “full model”, were eliminated at 

the candidate models, where: “dw~r” refers to effect of rainfall on distance to water 

source, “”t~u” refers to effect of ungulate density on tick abundance, “u~r” refers to effect 

of rainfall on ungulate density, “u~dw” effect of distance to water source on ungulate 

density, “t~g” effect of grass volume on tick abundance. “AIC” refers to AIC value. “R2” is 

adjusted R2 for: distance to nearest water source, tick abundance, ungulate density and 

grass volume. 

  name Discarded AIC 
R2 dist 
water 

R2 ticks R2 ungu R2 grass 

Global model             
(n=602 \\ 5 visits)            
  semFULL -       73.53 0.43 0.24 0.68 0.50 
  sem1 dw~r       60.00 na 0.24 0.68 0.50 
  sem2 dw~r / t~u     58.81 na 0.24 0.68 0.50 
Dry season model           
(n=352 \\ 3 visits)           
  semdryFULL -       76.57 0.27 0.29 0.93 0.37 
  semdry1 dw~r       60.00 na 0.29 0.93 0.37 
  semdry2 dw~r / t~u     58.52 na 0.29 0.93 0.37 
  semdry3 dw~r / u~r     58.80 na 0.29 0.93 0.37 
  semdry4 dw~r / t~u / u~dw   59.88 na 0.29 0.93 0.37 
  semdry5 dw~r / t~u / u~r   57.32 na 0.29 0.93 0.37 
  semdry6 dw~r / t~u / u~dw / u~r 58.90 na 0.29 0.93 0.37 
Wet season model           
(n=250 \\ 2 visits)           
  semwetFULL -       73.64 0.88 0.33 0.82 0.35 
  semwet1 dw~r       60.00 na 0.33 0.82 0.35 
  semwet2 dw~r / t~g     60.86 na 0.32 0.82 0.35 
  semwet3 dw~r / t~u     59.35 na 0.33 0.82 0.35 
  semwet4 dw~r / u~r     60.43 na 0.33 0.83 0.35 
  semwet5 dw~r / t~g / t~u   60.05 na 0.32 0.82 0.35 
  semwet6 dw~r / t~g / u~r   61.29 na 0.32 0.83 0.35 
  semwet7 dw~r / t~u / u~r   59.78 na 0.33 0.83 0.35 
  semwet8 dw~r / t~g / t~u / u~r 60.48 na 0.32 0.83 0.35 
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Figure 4.3. Best piecewise SEM fitted for the global model (a,d,g), dry season data 

(b,e,h,j), and wet season data (c,f,i,l). Path diagrams (a,b,c) only showing significant 



  
 

84 
 

effects. Arrows indicate unidirectional effects, where blue and red lines indicate positive 

and negative effects respectively. Thickness of lines depends on effect size. R2 is 

adjusted R2. Graphs d), e) and f) show significant estimated marginal means for larvae 

abundance, g), h) and i) for grass volume, and j) and k) for ungulate density respectively 

for differing burn-ages. Vertical lines represent standard errors and asterisks indicate 

significant effects. All coefficients were standardized. 

In the dry season model, rainfall had a significant negative effect on grass volume. In the 

wet season model distance to water source had a negative effect on ungulate density, 

and rainfall had a significant negative effect on tick abundance. 

With respect to burning, fire provoked significant changes in the abundance of ticks and 

grass volume for the three sets of data, and significant changes to ungulate density in the 

dry and wet season models. 

Considering the global model, prescribed fire had a significant negative effect on tick 

abundance for a period of 12 months following the burning event, after which point tick 

numbers recovered and did not change further over subsequent time (Figure 4.3a). 

Additionally, the global model suggested a negative effect of burning on grass, with grass 

volume increasing year-on-year even four years after a burning event (Figure 4.3a). 

Regarding size of effects in the global model, accumulated rainfall on grass volume as 

well as burning within the first 12 moths on ticks and grass volume were the most 

influencing. On the other hand, effects of distance to water source on grass volume and 

ungulate density had the smallest effect size. Further details from wet and dry seasons 

models can be seen in Figure 4.3b-c. Finally, multi-group analysis showed that the impact 

of grass volume on tick abundance, and accumulated rainfall on grass volume become 

weaker at older burn-ages (Figure 4.4a-b). In general, rainfall had a positive effect on 

grass volume, but this effect was particularly high at burn-age 0-1 and 2-3 (Figure 4.4b). 
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Figure 4.4. Effect of a) grass volume on tick larvae abundance, and of accumulated 

rainfall for different burn-ages on b) grass volume, and b) ungulate density. Values 

represent estimated marginal means, vertical lines are standard errors, and stars indicate 

significant effects. All coefficients were standardized. Graphs represent estimations for 

multigroup analysis of the “global model”. 

 

4.5. Discussion 

To my knowledge, this study is the first to use an ecosystem approach to evaluate the 

effectiveness of prescribed fire on tick control as well as its host species and habitat. I 

show that prescribed fire is a disturbance that provokes simultaneous changes on ticks 

and grasslands of the savanna ecosystem, and that rainfall was also a key driver of 

changes in grass volume, tick abundance and ungulate density. The modelling also 

indicates that the magnitude and duration of the fire effects differed among the affected 

components, being especially detrimental to grass ‘biomass’. Path diagrams were useful 

for assessing the simultaneous effects of patch burning on different components of 

grassland ecosystems. Although not considered in this study, other biotic components of 

savanna grasslands such as low mobility animal species (e.g. small mammals: Yarnell et 

al., 2007; invertebrates: Radford and Andersen 2012) and birds (Saab and Powell 2005; 

Docherty et al., 2020) may be affected by fire and have shown to be easy to monitor at 

these ecosystems. Soil nutrients should be also important to monitor when burning 

vegetation, because soils may become poorer if fire releases nutrients to the atmosphere 
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(Coetsee et al., 2010; Ponette-González et al., 2016; Verma et al., 2019) or if precipitation 

wash them away from just burned areas (Pereira et al., 2018). 

 

4.5.1. Ticks 

Our study shows that burning effectively reduces tick abundance for the first 12 months, 

following which they rapidly recovered in numbers and maintained their abundance 

between subsequent burn-ages. Similar results of numeric declines in ticks numbers 

during the first 12 months following burning, and subsequent recovery, have been widely 

reported in North American prairies (Barnard 1986; Wilson 1986; Mather et al., 1993; 

Davidson et al., 1994; Stafford 1998; Cully 1999; Allan 2009). This impact of fire on ticks 

may be influenced by characteristics of the burn regime employed, e.g. frequency of 

burning (Davidson et al., 1994; Cully 1999; Polito et al., 2013), time of year of burn 

(Stafford et al., 1998), and intensity of fire (Stafford et al., 1998; MacDonald et al., 2018). 

Gleim et al. (2013) found that, when executed over a long period of time, burn regimes 

can reduce the overall abundance of ticks in the environment. Although I did not evaluate 

tick abundance at other sites, it is possible that MWR has lower numbers of ticks than 

nearby unmanaged/natural places because the burning program has been running for 

more than 20 years in this protected area and animals are isolated inside the reserve. A 

comparison of ticks loads between grassland at MWR and similar sites with less regular 

burn regimes (e.g. Pilanesberg National Park) would be a useful follow-on piece of work 

to explore the role of burn regularity on tick numbers.  

Rainfall, through increasing grass volume as well as its direct effects on ticks, was the 

main factor that positively increased tick abundance (McCabe and Bunnell 2004; Burtis 

et al., 2016). This may be explained by precipitations increases grass biomass, thus 

microhabitat for ticks. Rainfall may also influence density of key hosts (Ostfeld et al., 

2006), nevertheless I could not find a significant effect of ungulate density on tick 

abundance. A North American study on lone star ticks (Amblyomma americanum) found 

fire was effective in reducing tick numbers, but these numbers were not related to 

presence of their ungulate host (bison; Cully 1999). My results at MWR are consistent 

with this finding. Future research may include multiple techniques for collecting ticks from 
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the environment (White and Gaff, 2018; Newman et al., 2019). Tick drag methodology 

seemed to be effective over grass cover, but its effectiveness was reduced over bare 

ground and shrub cover. 

 

4.5.2. Grasslands 

Grass volume was the variable in the models that was most affected by fire, with burning 

having a negative impact on volume for up to three to four years. In addition to that, some 

large herbivores are certainly attracted to feed on newly re-growing grasses following 

burning events (O’Kane and Macdonald 2018), as some regrowth is suggested to be 

more nutritious (van Oudtshoorn, 2014). Despite that, I did not find significant effects of 

ungulate density on grass volume. Both concatenate events may suggest managed 

grasslands are kept under a continuous pressure in the study area, caused by frequent 

patch burning and subsequent foraging pressure from large herbivores, and this may be 

negatively affecting grass volume. Although fire can promote diversity in savanna 

ecosystems (Cowling et al., 1997; Govender et al., 2006; Driscoll et al., 2010), when burn 

regimes are not well executed, they can reduce richness and increase dominance of 

generalist and invasive species (Favier et al., 2004; Uys et al., 2004). This negative 

impact may be amplified by high concentrations of ungulates grazing recently burned 

areas which could become dominated by grazing tolerant species (Du Toit and Cumming 

1999), at the expense of those species considered most palatable (Sankaran 2005; Klop 

and van Goethem 2008). 

 

4.5.3. Ungulates 

Increases in rainfall were negatively related to ungulate density. Considering rainfall is 

positively related to grass volume, the overabundance of new and highly palatable grass 

when rainfall increases may explain the recorded decreases on local ungulate density. 

Animals have no need to congregate and feed at specific sites if high nutritious grasses 

are growing everywhere at the local scale (area-restricted search; Curio 1976; Kareiva 

and Odell 1987). Surprisingly, I did not find significative relationships between local 
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density of ungulates and abundance of ticks. My results suggest that the main drivers of 

tick abundance are precipitation and grass characteristics. Nevertheless, density of other 

key hosts that were not monitored in this study, such as rodents and other small mammals 

(Ostfel et al., 2006), may be influencing tick density in the environment. Further research, 

that includes monitoring the broad community of tick hosts in savanna ecosystems, is 

needed. My findings also suggest that rainfall has a negative effect on ungulate usage of 

older burned areas (from two years after being burned to never burned). Reductions in 

density at old patches may be motivated by the flushes of nutritive vegetation after 

precipitation events in recently burned areas (O’kane and Macdonald, 2018). Grazers and 

mix-feeders prefer to feed on grasslands if palatable grass can be found there, and only 

browsers keep using old-burned areas (Staver and Hempson, 2020). 

 

4.6. Conclusions 

Prescribed fire reduces questing ticks in the environment for a period of approximately 12 

months after its application, but it is also detrimental to the grass layer with a negative 

effect on grass volume for up to three to four years after burning. My well documented 

impacts on changes to the grass layer should make managers wary of repeat burning 

areas too frequently in savanna ecosystems. Regarding my findings, prescribed fire in 

the study area may not be efficient controlling ticks in natural savannas, thus it may be 

reviewed. The extent to which different inter-burn intervals may affect soil and vegetation 

composition at a longer term is a subject worthy of more research effort. Such research 

would provide a better understanding of how a balance might be obtained between the 

potential beneficial effects (on ungulates) of nutrient return to the soils, and hence 

nutritious regrowth, and reduced tick burden versus longer term changes to the nutritional 

quality of the vegetation sward. In addition to monitoring tick abundance, I also 

recommend that managers monitor the state of grasslands when implementing burning 

programs, as well as to monitor other potential hosts (e.g. small mammals, carnivores, 

birds) and the quality of soils (Driscoll et al., 2010; Corey et al., 2019). Fires are needed 

for keeping the natural cycle of African savanna (Cowling et al., 1997; Burrows, 2008). 

From my results, I cannot confirm that abundance of ticks in the environment relates to 
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density of ungulates. I recommend density data from other key tick hosts should be 

included in future studies to investigate associations between density of hosts and ticks. 

Parasites are a component of ecosystems, therefore any effort to control them have 

consequences on other components. Managers must keep on mind that controlling ticks 

may change composition and/or structure of ecosystems, thus they have to monitor 

simultaneous effects of their actions on non-target components if they want to keep long-

term stability of their environments. 
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5. GENERAL DISCUSSION 

 

Waterbuck (Kobus ellipsiprymnus) | ©Nicolás Fuentes-Allende 
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In this thesis, I have evaluated the effects of seasonal variation of essential resources, 

human-caused fires and human presence on the field ecology of large herbivores, their 

parasites, and their habitat in a managed arid savanna. The findings should advance our 

understanding of the functioning of managed savanna ecosystems (especially African 

savannas), help managers to improve the effectiveness of their management actions, as 

well as identifying any negative side effects of management on non-target species or 

components of the ecosystem. Management of large herbivore populations is widespread 

and motivated by various interests, such as academic research (Clutton-Brock et al., 

2002), protecting threatened populations (Cosse and González, 2013), maintaining 

populations as a natural resource (Milner-Gulland et al., 2004), minimizing negative 

effects on humans (Hubbard and Nielsen, 2009) or the environment (Russell et al., 2001), 

and for economic reasons (Conover, 2002). In this closing chapter I will start by describing 

the main findings for each one of my particular studies, and then discuss the findings in 

relation to the management of large herbivores in seasonal environments, and their fear 

of humans in non-hunted species. I will go on to discuss the benefits of monitoring the 

effects of prescribed fire at an ecosystem scale (considering more than just immediate 

targets of management), and the importance of conducting long-term studies for 

monitoring the management of large herbivores. I will end the chapter by briefly 

considering more holistically what the combined results of the individual chapters mean 

for the management of large herbivores, and for the field of ecology and conservation 

more generally. I will also discuss how future research could build on the findings of the 

thesis. 

 

5.1. Summary of main findings 

In Chapter 2, I proposed and tested a novel technology to automatically and remotely 

monitor the body mass of identified (or non-identified) ungulates over time, and without 

human presence, using weighing scales in the field. The proposed method was tested in 

the South African arid savanna, and was shown to monitor successfully the changing 

body mass of eight ungulate species of contrasting mass and ecology. Red hartebeest, 

blue wildebeest and greater kudu were the three species that used the scale most, and 
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hence permitted the most detailed studies of body mass phenology within and across 

seasons. I found that variation in body mass was correlated to seasonality, decreasing 

during the dry season, when water and green vegetation are scarcer, and increasing 

during the wet season when natural resources are more abundant. I also found that 

variation in body mass matched with the phenological events of individuals (Côté and 

Festa-Bianchet, 2001; Loarie et al., 2009; Killeen et al., 2014; Debeffe et al., 2017; Paoli 

et al., 2018; Barker et al., 2019), such as females losing weight during the calving season 

(Borowske et al., 2018; Ayotte et al., 2019; Festa-Bianchet et al., 2019) or animals getting 

heavier from one year to the next due to annual body growth (Pelletier and Festa-

Bianchet, 2006; Mainguy and Côté, 2008; Brivio et al., 2014). A similar method has been 

previously applied in temperate and temperate montane species: alpine ibex (e.g. 

Decristophoris et al., 2007; Bergeron et al., 2010; Brambilla et al., 2018), bighorn sheep 

(e.g. Pelletier and Festa-Bianchet, 2004; Moquin et al., 2010; Festa-Bianchet et al., 2019), 

mountain goat (e.g. Mainguy et al., 2009; Godde et al., 2015; Castro et al., 2018), and 

white-tailed deer (Therrien et al., 2007). Nevertheless, those studies have focused on the 

long-term changes of body mass, and the data collection has not been totally automated 

as it was here. There is great potential for such automated weighting stations to be used 

across sites that manage large ungulates to monitor the health of populations. The 

technology is relatively low-cost and easy-to-deploy and maintain and has been proven 

to work successfully for monitoring large herbivores. This permitted, for the first time (to 

our knowledge) an assessment of the changing body condition of savanna ungulates on 

a near-daily basis. Such data has the potential to revolutionize management of wild 

savanna ungulates, as changes such as the rapid loss in body condition across a 

population, and hence the need for management interventions, could be identified as very 

early stages before severe negative impacts occur. There is scope for future development 

of the weighing site site-up to encourage a greater diversity, or different suite of animals 

to use such systems. More open scale system (i.e. without surrounding brush to funnel 

individuals onto the scales) might encourage species that avoid enclosed areas to use 

the scales, as might simply situating the scales on natural walkways to, for example, 

water. The salt blocks could easily be replaced by carrion to attract and monitor carnivores 

onto the scales and more careful levelling of the base of the scales with surrounding land, 
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and the use of matched covering substrate might also encourage more skittish animals 

to use the system. It was notable that Impala, as the commonest ungulate on the reserve, 

were rarely recorded on the sets of scales. The use of smaller, more mobile scales could 

make rapid deployment of scales, and extended deployment of scales in different areas 

more feasible, which could permit finer-scaled understanding of factors determining body 

condition in species. 

In Chapter 3, I mapped the seasonal distributions of 16 large herbivore species in a 

private game reserve in South Africa, and explored the environmental and anthropogenic 

factors that may explain their spatial abundance. I found, rather unexpectedly, that 

animals were non-uniformly distributed within the reserve, in terms of their core areas of 

occupancy, with spatial abundance differing among species and seasons. Before this 

study, our expectation was that species of similar feeding guilds would respond to 

management in a relatively uniform way. Hence, more specialist feeders were expected 

to track recent burns, bulk feeders would focus their time around older, long swards and 

browsers would tend to stick to the same areas of high bush/tree cover, though avoiding 

newly burned areas.  Instead I found that there was no common trend in distribution and 

abundance that could be related to vegetation structure and water availability. This could 

be a consequence of niche segregation theory which states sympatric species can coexist 

because they differentiate their preferred food items and habitats to reduce interspecific 

competition (Pansu et al., 2018; Boyers et al., 2019; McShea et al., 2019; Kihwele et al., 

2020). However, such theory does not necessarily dictate that species would be spatially 

segregated. Anthropogenic factors were found to impact the spatial abundance of seven 

species. These species, which had highly variable body masses and likelihood of being 

targeted for hunting, tended to avoid areas with high vehicle traffic and areas in the 

proximity of perimeter fences, often with quite extensive avoidance distances. Such 

avoidance of humans, or human structures, among species has rarely been reported and, 

for impacted species, this could markedly affect carrying capacities in fenced reserves, 

and be particularly acute in smaller reserves where it is not so easy to remain distant from 

fence-lines. Given the increased preponderance of smaller, fenced protected areas in the 

landscapes of developing nations, this effect merits further future research. The 

mechanism by which this avoidance occurred was unknown but may be influenced by 
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controlled hunting occurring more frequently near roads, illegal poaching near perimeter 

fences, or might simply reflect an avoidance of more disturbed areas. My findings suggest 

human activities, which may include hunting and poaching, may affect the whole 

community of large herbivores in multi species environments, and be detrimental for the 

management of non-hunting target species, because fear towards humans may reduce 

their fitness through displacement to sub-optimal areas or reducing foraging behaviours 

as in hunting target species. 

Finally, in Chapter 4, I used path diagram models to explore the simultaneous effects of 

prescribed fire on ticks, grasslands and large herbivores that inhabit a seasonal arid 

savanna. I found that prescribed fire significantly reduced the abundance of ticks in the 

environment during the first year after its use, but that tick numbers bounced back to 

previous densities within 12 months. In contrast, the impacts of fire on grass volume 

lasted for three to four years after the burning event. Importantly, at the densities of wild 

ungulates present across the study site, there was no impact at all of typical ungulate 

densities in a region on tick abundance. This might be a response of a lagged effect 

between ungulate numbers in previous seasons and tick numbers (which merits further 

exploration), or it might be that other factors, such as habitat conditions determine tick 

abundance. We can conclude however that burning is relatively ineffective in controlling 

tick numbers in block burn regimes such as occurred in our study system. Rainfall, by 

contrast, was the most important factor contributing to increased tick abundance and 

grass volume. Tick abundance was significantly affected by rainfall, grass volume and 

prescribed fire. Both this study and the study presented in chapter 3 highlight the 

importance of monitoring non-target components when assessing the success of 

management actions, especially if these actions may have impacts across an ecosystem. 

 

5.2. Management of large herbivores in seasonal environments 

Precipitation regimes define livestock and large herbivores production in many seasonal 

environments (Derner et al., 2020; Raynor et al., 2020). Variability in precipitation can 

change the productivity of vegetation and affects water availability, both of which impact 

upon the dynamics of large herbivores, both directly and indirectly (Malpeli et al., 2020). 
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This makes seasonal environments challenging for managers of sites that host large 

herbivores because they continuously have to match animal demands with forage 

availability (Illius et al., 1998, Reid et al., 2014; Apollonio et al., 2017).  

Managers of isolated sites must monitor precipitation on a yearly basis for calculating the 

large herbivores annual carrying capacity of their lands, because the first will inform them 

about the vegetation biomass production for the year. If annual density is above the 

annual carrying capacity, population sizes can be artificially reduced by various means, 

including culling, hunting or translocation off-site [the latter often via wildlife auctions in 

South Africa] (Raynor et al., 2020). The alternative is to allow the system to naturally 

regulate and result in increased mortality and declining condition of many individuals. In 

small, fenced sites, natural regulation approaches run the potential risk of widespread 

population collapse and even local extinction. An alternative strategy for coping with 

annual variations in scarcity of resources is to artificially provide those resources, such 

as creating man-made water points (Chamaillé-Jammes et al., 2016; Weeber et al., 2020) 

or burning grassland to maximize its production (Bothma and du Toit, 2016). Climate 

models can help managers and researchers to predict the amount and variability of 

precipitation in the long-term (Raynor et al., 2020), and managers usually have strategies 

to cope with resource scarcity in areas of high variability. However, anthropogenic climate 

change is making precipitation less predictable in seasonal savannas and other 

productive environments (Trenberth, 2011; Engelbrecht et al., 2015), which brings with it 

the risk of novel climatic conditions forming, for which managers have no prior experience. 

Modelling of changing body conditions in relation to environmental conditions could help 

to predict what the impacts of such changes might be, on both individuals and 

populations. 

The impacts of recent and future climate change on large herbivores will vary greatly 

across the world. It is predicted that climate change will increase foraging areas for arctic 

ungulates which, as a result, could increase local densities and/or modify migration routes 

(Rivrud et al., 2019). It has even been suggested that enhancing large herbivore numbers 

in some arctic regions could help to limit climate change impacts by restricted scrub 

growth and hence increasing albedo (Zimov, 2005). It has also been suggested that large 
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herbivores trampling of snow in such regions could reduce the insulating effects of snow-

cover and hence reduce permafrost thaw (with consequent enhanced emission of the 

‘super greenhouse gas’ methane). 

 By contrast, climate change is increasing desertification in many arid environments 

(Malakoutikhah et al., 2019), as a result of shorter and drier rainy seasons (Engelbrecht 

et al., 2015) and increasing drought frequency (Knapp et al., 2008). This directly impacts 

vegetation productivity in these ecosystems, especially affecting the grass layer 

(Abraham et al., 2019). Special care will be needed to sustain grazer numbers in these 

ecosystems (Abraham et al., 2019; Staver and Hempson, 2020). In other semi-arid areas 

increases in scrub cover have been attributed to changed carbon dioxide levels, which 

favour some vegetation types (e.g. Stevens et al., 2016). When forage is scarce many 

grazers migrate to alternate areas where nutritious vegetation can be found. Given that 

climate change is predicted to reduce precipitation across whole biomes, grazers may be 

forced to increase migratory distances or to concentrate in, and over-exploit, remaining 

feeding areas (Perkins, 2019). Moreover, the increased fragmentation and fencing of 

remnant natural areas mean that many former migratory ungulates can no longer migrate 

to avoid harsh conditions and instead must survive year-round at a single site, potentially 

resulting in lower overall carrying capacities at a landscape scale. In South Africa, 

springbok and black wildebeest both formerly undertook large over-land seasonal 

migrations in response to changing seasonal availability of resources. The prevention of 

such natural migrations led to the near extinction of Black Wildebeest, possibly 

contributed to the extinction of the Quagga, and has likely resulted in much reduced 

populations of blesbok and springbok in South Africa (Harris et al., 2009).  

Although managers are largely unable to control the impacts of climate change on 

grasslands, they could reduce other stressors on grazers such as enhancing water 

availability (Fullman et al., 2017), and also work to open up former fenced areas to permit 

migrations among sites of variable resources. Such fence removal has occurred very 

successfully around Kruger National Park, most notably resulting in the development of 

the Greater Limpopo Transfrontier Park. At a more local scale to the study site uses in 

this thesis, the adjacent Pilanesberg National Park was part of a ambitious local plan to 
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link it to another large but distant national Park (Madikwe National Park, Ndabeni et al., 

2007) but this ‘game corridor seems now to have been all but abandoned due to 

competition with platinum mines in the connecting land. 

Unlike grazers, mixed-feeders may be more adaptable to the current and future seasonal 

regimes in savanna environments. Their dietary plasticity could facilitate alteration to food 

preferences to minimise impacts of periods of scarce grazing. Instead of seeking 

nutritious grazing in drought periods, they may be able to switch to browsing woody 

vegetation, which typically accesses deeper soil-water than do grasses and hence can 

often produce forage in dry periods. This may allow browsers to become more dominant 

in savanna environments (Abraham et al., 2019; Staver and Hempson, 2020). 

 

5.3. Fear of humans in non-hunted species 

Fear of humans is a non-lethal impact (often a result of hunting) on large herbivores (Frid 

and Dill, 2002; Stankowich, 2008). Perceived fear of humans can even exceed fear of 

natural predators (Ciuti et al., 2012), and induces avoidance. In order to reduce the 

perceived predation risk caused by humans, many large herbivores modify their 

behaviour to avoid people (Teckentrup et al., 2018). They can also alter their habitat 

selection (Grignolio et al., 2011), home ranges (Brown et al., 2020) and local distributions 

(Frid and Dill, 2002; Journeaux et al., 2018) to minimise human interactions. When such 

modified behaviour is not warranted, these modifications likely carry costs for individuals 

(Spitz et al., 2019; Brown et al., 2020), which may reduce their survival and reproduction 

rates. Even though perceived fear towards humans has been used in management 

strategies for reducing human-wildlife conflicts (Cromsigt et al., 2013), pest control 

(Krijger et al., 2017; Bedoya-Pérez et al., 2019) and protecting threatened species 

(Gaynor et al., 2020), the unintended effect on non-target species has not been widely 

explored and is still poorly understood. Individuals from the same (Grignolio et al., 2011; 

Spitz et al., 2019) and different species (Mendes et al., 2020; Nickel et al., 2020) that are 

not a target for hunting but share an environment with hunting-targeted individuals may 

also perceive humans as predators, and therefore could be indirectly threatened by 

hunting activities. Such behaviours were observed in Chapter 3, where four species that 
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are not hunted at the study site (eland, gemsbok, giraffe and red hartebeest) nonetheless 

avoided areas where hunting/poaching tended to occur and responded similarly to 

hunting-target species. This unintended effects of hunting on non-target species might be 

considered by managers in areas where hunting occurs and where they aim to maximize 

carrying capacity of large herbivore populations. Despite habituation to humans being 

common in protected areas and other lands where there is no anthropogenic harassment 

(Marino and Johnson, 2012; Schroeder et al., 2018), the transition period for changing 

from human avoidance to tolerance has been little studied and is an area of potential 

future research. The effect of hunting on non-target species may be a constraint for 

increasing their population sizes, and therefore oppose management goals. Managers 

should consider these hereto unintended consequences of hunting in multi-species 

environments, as this could be detrimental for the whole community of large herbivores. 

Assessing the ‘ecology of fear’ dynamics for all the species of the community is necessary 

to better anticipate and mitigate unintended consequences for non-target species 

(Gaynor et al., 2020). Actions such as restricting hunting areas, altering method of hunting 

and hunting dates, particularly during important reproductive periods, and identifying and 

understanding the stimuli that provokes fear in non-target species may help to mitigate 

unintended risk effects on non-target individuals (Gaynor et al., 2020). 

It is necessary to clarify that I did not directly measure hunting/poaching activities in the 

study area, and its association to specific spatial characteristics was assumed 

considering both personal and staff observations. Hunting was usually executed by the 

manager when driving his car on main roads during daytime, and poaching occurred near 

the perimeter fence by external people using dogs and rifles at night. Poaching with 

snares was also identified as a type of hunting occurring in the reserve, nevertheless 

finding these traps was opportunistic and rare which made impossible to estimate its 

spatial distribution (Mudumba et al., 2021). Future studies should focus on directly 

measuring hunting/poaching activities instead of proxies of their presence to improve our 

knowledge about how fear to humans modifies the spatial distribution of large herbivores. 
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5.4. Using an ecosystem approach to monitor effects of prescribed fire 

Prescribed fire is an ecosystem disturbance that is used to accomplish diverse 

management goals, such as controlling undesired species (Waldrop and Goodrick, 2012), 

ecosystem restoration (Izbicki et al., 2020), maximising biodiversity (Archibald and 

Hempson, 2016; Beale et al., 2018), modifying wildlife habitat (Hunter and Robles, 2020), 

and hazardous fuel reductions (Fernandez-Carrillo et al., 2019). Although its application 

may cause alterations at the ecosystem level, and may promote undesired impacts on 

soils (Fonseca et al., 2017; Akburak et al., 2018; Klimas et al., 2020), water quality 

(Harper et al., 2018; Hahn et al., 2019), and biodiversity (Fultz et al., 2016; Harper et al., 

2018; Hunter and Robles, 2020), assessments of the ‘success’ of burn management 

normally focuses on measuring impacts on the components of interest only. Hence, for 

many years burning to promote higher quality forage for ungulates in savanna wildlife 

systems have focussed on the impacts on ungulates only, with almost no consideration 

of the impacts on other key taxa such as other mammals (Yarnell et al., 2007), birds 

(Docherty et al., 2020), insects, reptiles and amphibians. 

By considering the reported simultaneous effects of burning (to enhance ungulate forage) 

on ungulates, ticks and the grass coverage, I highlighted that the differential response of 

the various affected elements and their very different recovery times. Fire provokes 

ecosystem-level impacts, therefore its success must be monitored at an ecosystem level. 

As an example, my findings suggested that prescribed fire helps maintain a diverse 

community of large herbivores in my study area through increasing vegetation 

heterogeneity. However, fire was ineffective in controlling parasites in the environment, 

and resulted in detrimental impacts on the grass layer (even if it did improve forage quality 

in the short to mid-term). To better understand the effects that prescribed fire may have 

on their lands managers could usefully monitor changes in the composition and structure 

of the vegetation layer, as well as tracking impacts on, for example: species with low 

mobility, such as reptiles, arthropods, amphibians and small mammals. Also of key 

importance in understanding the effects of burning grasslands is its impact on the 

chemical and physical composition of the soil, and on water quality and occurrence in the 

environment. By removing dead litter, burning will almost certainly increase temperatures 
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at ground level and maybe more extensively, and will remove valuable shade shelter for 

many species. Hence, burn management is likely to have unintended, and poorly 

documented consequences on both microclimates and microhabitats in the landscape. 

 

5.5. The value of long-term studies to monitor the management of large 

herbivores 

Management actions are usually motivated by an immediate need, and associated 

research is usually short-term in nature. As a result, the effectiveness of actions are 

usually assessed only over the near-term. Despite my research has only gathered field 

information from three consecutive years, this period of monitoring allowed me to detect 

some undesirable effects of management actions on both large herbivores and on the 

structure of the grasslands themselves. Previous research at the same site (Docherty et 

al., 2020) has also identified short-term impacts of burning on non-target bird species. 

Management actions also often have long-term effects that are not always clear in the 

short-term. Such long-term effects have been shown in terms of population dynamics 

(Coulson et al., 2004; Bocci et al., 2012), structure and species composition of large 

herbivore communities (Speed et al., 2019), herbivore-plant interactions (Lecomte et al., 

2016) and trophic cascade effects at the ecosystem level (Kiffner et al., 2017). 

Maintaining long-term monitoring programmes for large herbivores is difficult, because of 

budget constraints and due to the fact that objectives may change over time. However, 

those long-term monitoring programmes of wild herbivores that do exist have been useful 

for understanding population dynamics (e.g Soay sheep Ovis aries, Coulson et al., 2001; 

red deer, Clutton-Brock et al., 1982; bighorn sheep, Coltman et al., 2003; moose, 

Vucetich and Peterson, 2004; review Clutton-Brock and Sheldon, 2010), and have helped 

improve management strategies. Long-term studies may help managers to monitor their 

performance and adapt their strategies to confront future scenarios (Raynor et al., 2020). 

Such studies can provide information that helps reduce future uncertainties, and to 

increase the success and sustainability of their actions. These programmes have also 

allowed us to understand the effects that natural factors have on populations, like those 

related to weather (Boyce et al., 2006; Gaillard et al., 2013), and the population itself (e.g. 
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density, Owen-Smith, 2006; age structure Coulson et al., 2001), as well as to understand 

the effects that management itself could have on non-target components of ecosystems 

(Apollonio et al., 2017). Long-term studies are necessary for monitoring the management 

of large herbivores, because it allows managers to understand and prevent unwanted 

results (Apollonio et al., 2017), help them to be better informed about how to adapt to 

future scenarios (Raynor et al., 2020), as well as to prevent the degradation that their 

actions may have over their ecosystems (Lecomte et al., 2016).  

Due to their value as both a wildlife tourism and as a harvesting resource, large ungulates 

have been well monitored in many of the numerous small game reserves that now occur 

across South Africa. The potential for such monitoring (at least in terms of population 

numbers) to continue long-term, and for the costs of which to be covered by site 

managers, as part of their operations, opens up the possibility for novel long-term study 

datasets to be established in African savannas. Such long-term studies would help 

provide new insight into the management of these valuable ecosystems which, to date, 

are often managed on the basis of short-term studies. There is great, but potentially 

under-exploited opportunities to establish cost-effective long-term monitoring studies in 

African savanna systems. 

Large herbivores inhabiting managed savannas are affected by seasonal changes in the 

availability of food resources and the effects of human activities on them and their 

environments. Each one of the research chapters from this thesis has shown that 

monitoring and analysing information from environmental and anthropogenic factors can 

help researchers to better understand the ecological dynamics in these environments as 

well as the impacts on the fitness, survival and reproduction of individuals. Improving our 

knowledge of seasonality, fear of human, and the effects of management actions on 

different components of the ecosystem will be essential to enhance the management of 

such systems. Further research is needed to better understand the effects of such factors 

on the large herbivores that inhabit managed lands or that are managed. Future work 

should consider large herbivores communities that inhabit both managed and unmanaged 

savanna habitats, In this way, researchers will be able to compare the effects of human 
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activities on large herbivores with similar natural processes (e.g. predation) and improve 

the management of these species in both managed and unmanaged environments. 

 

5.6. Conclusions 

Throughout my thesis I have shown that ecological management of large herbivores in 

seasonal environments is challenging. Despite the fact that there is much information 

concerning the creation and maintenance of highly productive savannas (Bothma and du 

Toit, 2016), more research is needed to understand how such management impacts on 

the ecology of both large herbivores and the rest of the ecosystem. Variations in 

seasonality and the impacts of management actions over focal and non-focal components 

of the ecosystem oblige managers to be continuously adapting their strategies to 

accomplish their management goals. In addition, there is an urgent need to consider more 

fully the potential impacts of anthropogenic climate change on these fragile and finely 

balanced savanna ecosystems. The methods that I have piloted and developed in thesis 

should go some way towards improving our understanding of how these systems might 

alter when faced with novel conditions, which in turn should help managers to prevent 

degradation of savannas and to ensure their future continuity.



  
 

103 
 

REFERENCES 

 

Impala (Aepyceros melampus) and Red-billed oxpecker (Buphagus erythrorhynchus) | ©Nicolás Fuentes-Allende 

 

 



  
 

104 
 

Abraham JO, Hempson GP, Staver AC. 2019. Drought‐response strategies of savanna 

herbivores. Ecology and Evolution 9(12):7047-7056.  

Agapiou A, Hadjimitsis DG, Papoutsa C, Alexakis DD, Papadavid D. 2011. The 

importance of accounting for atmospheric effects in the application of NDVI and 

interpretation of Satellite Imagery supporting archaelogical research: The case studies of 

Palaepaphos and Nea Paphos sites in Cyprus. Remote Sensing 3:2605-2629.  

Akaike H. 1974. A new look at the statistical model identification. IEEE Transactions on 

Automatic Control 19(6):716–723.  

Akburak S, Son Y, Makineci E, Cakir M. 2018. Impacts of low-intensity prescribed fire on 

microbial and chemical soil properties in a Quercus frainetto forest. Journal of Forestry 

Research 29(3):687-696. 

Aleman JC, Blarquez O, Staver CA. 2016. Land-use change outweighs projected effects 

of changing rainfall on tree cover in sub-Saharan Africa. Global Change Biology 22:3013-

3025. 

Allan BF. 2009. Influence of prescribed burns on the abundance of Amblyomma 

americanum (Acari: Ixodidae) in the Missouri Ozarks. Journal of Medical Entomology 

46(5):1030-1036.  

Allaye Chan-McLeod AC, White RG, Russell DE. 1999. Comparative body composition 

strategies of breeding and nonbreeding female caribou. Canadian Journal of Zoology 

77:1901–1907.  

Alldredge MW, Pollock KH, Simons TR, Shriner SA. 2007. Multiple-species analysis of 

point count data: A more parsimonious modelling framework. Journal of Applied Ecology 

44 (2):281-290.  

Alves TS, Alvarado F, Arroyo-Rodríguez V, Santos BA. 2020. Landscape-scale patterns 

and drivers of novel mammal communities in a human-modified protected area. 

Landscape Ecology https://doi.org/10.1007/s10980-020-01040-6  



  
 

105 
 

Anderwal P, Haller RM, Filli F. 2016. Heterogeneity in Primary Productivity Influences 

Competitive Interactions between Red Deer and Alpine Chamois. PLoS ONE 

11(1):e0146458.  

Antún M, Baldi R. 2020. Choosing what is left: the spatial structure of a wild herbivore 

population within a livestock-dominated landscape. PeerJ 8:e8945.  

Apollonio M, Belkin VV, Borkowski J, Borodin OI, Borowik T, Cagnacci F, Danilkin AA, 

Danilov PI, Faybich A, Ferretti F, Gaillard JM, Hayward M, Heshtaut P, Heurich M, 

Hurynovich A, Kashtalyan A, Kerley GIH, Kjellander P, Kowalczyk R, Kozorez A, 

Matveytchuk S, Milner JM, Mysterud A, Ozoliņš J, Panchenko DV, Peters W, Podgórski 

T, Pokorny B, Rolandsen CM, Ruusila V,Schmidt K,Sipko TP,Veeroja R, Velihurau P, 

Yanuta G. 2017. Challenges and science-based implications for modern management 

and conservation of European ungulate populations. Mammal Research 62:209-217.  

Archibald S, Bond WJ, Stock WD, Fairbanks DHK. 2005. Shaping the landscape: Fire-

Grazer interactions in an African Savanna. Ecological Applications 15(1):96-109.  

Archibald S, Bond WJ. 2004. Grazer movements: spatial and temporal responses to 

burning in a tall-grass African savanna. International Journal of Wildland Fire 13:377-385.  

Archibald S, Hempson GP. 2016. Competing consumers: contrasting the patterns and 

impacts of fire and mammalian herbivory in Africa. Philosophical Transactions of the 

Royal Society B 371:20150309.  

Archibald S, Lehmann CER, Gómez-Dans JL, Bradstock RA. 2013. Defining pyromes 

and global syndromes of fire regimes. Proceedings of the National Academy of Sciences 

110(16): 6442-6447.  

Arnold TW. 2010. Uninformative Parameters and Model Selection Using Akaike's 

Information Criterion. Journal of wildlife Management 74(6):1175-1178. 

Atickem A, Loe LE, Stenseth NC. 2014. Individual Heterogeneity in Use of Human Shields 

by Mountain Nyala. Ethology 120(7):715-725. 

Ayotte P, Simard MA, Côté SD. 2019. Reproductive plasticity of female whitetailed deer 

at high density and under harsh climatic conditions. Oecologia 189(3):661-673.  



  
 

106 
 

Baker DJ, Hartley AJ, Burguess ND, Butchart SHM, Carr JA, Smith RJ, Belle E, Willis 

SG. 2015. Assessing climate change impacts for vertebrate fauna across the West 

African protected area network using regionally appropriate climate projections. Diversity 

and Distributions 21:991-1003.  

Bandeira V, Virgós E, Azevedo A, Carvalho J, Cunha MV, Fonseca C. 2019. Sex and 

season explain spleen weight variation in the Egyptian mongoose. Current Zoology 

65(1):11-20.  

Barker KJ, Mitchell MS, Proffitt KM. 2019. Native forage mediates influence of irrigated 

agriculture on migratory behaviour of elk. Journal of animal Ecology 88:1100–1110.  

Barnard DR. 1986. Density perturbation in populations of Amblyomma americanum 

(Acari: Ixodidae) in beef cattle forage areas in response to two regimens of vegetation 

management. Journal of Economic Entomology 79:122-127.  

Bassano B, von Hardenberg A, Pelletier F, Gobbi G. 2003. A method to weight free-

ranging ungulates without handling. Wildlife Society Bulletin 31(4):1205-1509.  

Bayon G, Dennielou B, Etoubleau J, Ponzevera E, Toucanne S, Bermell S. 2012. 

Intensifying Weathering and Land Use in Iron Age Central Africa. Science 

335(6073):1219-1222.   

Beale CM, Mustaphi CJC, Morrison TA, Archibald S, Anderson TM, Dobson AP, 

Donaldson JE, Hempson GP, Probert J, Parr CL. 2018. Ecology Letters 21:557-567.  

Beckage B, Platt WJ, Gross LJ. 2009. Vegetation, fire, and feedbacks: a disturbance-

mediated model of savannas. The American Naturalist 174(6):805-818.    

Bedoya-Pérez MA, Smith KL, Kevin RC, Luo JL, Crowther MS, McGregor IS. 2019. 

Parameters That Affect Fear Responses in Rodents and How to Use Them for 

Management. Frontiers in Ecology and Evolution 7:136.  

Benhaiem S, Delon M, Lourtet B, Cargnelutti B, Aulagnier S, Mark Hewinson AJ, Morellet 

N, Verheyden H. 2008. Hunting increases vigilance levels in roe deer and modifies 

feeding site selection. Animal Behaviour 76:611-618.   



  
 

107 
 

Bergeron P, Grignolio S, Apollonio M, Shipley B, Festa-Bianchet M. 2010. Secondary 

sexual characters signal fighting ability and determine social rank in Alpine ibex (Capra 

ibex). Behavioral Ecology and Sociobiology 64:1299-1307.  

Berger J. 2007. Fear, human shields and the redistribution of prey and predators in 

protected areas. Biology Letters 3(6):620-623. 

Berkeley EV, Linklater WL. 2010. Annual and seasonal rainfall may influence progeny 

sex ratio in the black rhinoceros. South African Journal of Wildlife Research 40(1):53-57.  

Bhaskar D, Easa PS, Sreejith KA, Skejo J, Hochkirch A. 2019. Large scale burning for a 

threatened ungulate in a biodiversity hotspot is detrimental for grasshoppers (Orthoptera: 

Caelifera). Biodiversity and Conservation 28:3221-3237.  

Bocci A, Angelini I, Brambilla P, Monaco A, Lovari S. 2012. Shifter and resident red deer: 

intrapopulation and intersexual behavioural diversities on a predator-free area. Wildlife 

Research 39:573-582.  

Bonardi A, Corlatti L, Bragalanti N, Pedrotti L. 2017. the role of weather and density 

dependence on population dynamics of Alpine-dwelling red deer. Integrative Zoology 

12:61-76.  

Bonavia D. 2009. The South American Camelids: An Expanded and Corrected Edition. 

UCLA Cotsen Institute of Archaeology Press.   

Bond WJ, Keeley JE. 2005. Fire as a global "herbivore": the ecology and evolution of 

flammable ecosystems. Trends in Ecology and Evolution 20(7):387-394.   

Borges CM, Terribile LC, de Oliveira G, Lima-Ribeiro MdS, Dobrovolski R. 2019. 

Historical range contractions can predict extinction risk in extant mammals. PLoS ONE 

14(9):e0221439.   

Borowske A, Field CR, Ruskin KJ, Elphick CS. 2018. Consequences of breeding system 

for body condition and survival throughout the annual cycle of tidal marsh sparrows. 

Journal of Avian Biology 49(4):e01529.  



  
 

108 
 

Bothma JDP, du Toit, JG. 2016. Game Ranch Management (sixth edition). Van Schaik 

Publishers, South Africa.   

Bouchenak-Khelladi Y, Verboom GA, Hodkinson TR, Salamin N, Francois O, Chonhhaile 

GN, Savolainen V. 2009. The origins and diversification of C4 grasses and savanna-

adapted ungulates. Global Change Biology 15:2397-2417.   

Bowman DM, Balch JK, Artaxo P, Bond WJ, Carlson JM, Cochrane MA, D'Antonio CM, 

Defries RS, Doyle JC, Harrison SP, Johnston FH, Keeley JE, Krawchuk MA, Kull CA, 

Marston JB, Moritz MA, Prentice IC, Roos CI, Scott AC, Swetnam TW, van der Werf GR, 

Pyne SJ. 2009. Fire in the Earth system. Science 324(5926):481-484.   

Boyce MS, Haridas CV, Lee CT, the NCEAS Stochastic Demography Working Group. 

2006. Demography in an increasingly variable world. Trends in Ecology and Evolution 

21(3):141-148.  

Boyers M, Parrini F, Owen-Smith N, Erasmus BFN, Hetem RS. 2019. How free-ranging 

ungulates with differing water dependencies cope with seasonal variation in temperature 

and aridity. Conservation Physiology 7(1):coz064.  

Brambilla A,Keller L, Bassano B, Grossen C. 2018. Heterozygosity–fitness correlation at 

the major histocompatibility complex despite low variation in Alpine ibex (Capra ibex). 

Evolutionary Applications 11(5):631–644.  

Brawn JD, Benson TJ, Stager M, Sly ND, Tarwater CE. 2017. Impacts of changing rainfall 

regime on the demography of tropical birds. Nature Climate change 7:133-136.  

Breman E, Gillson L, Willis K. 2012. How fire and climate shaped grass-dominated 

vegetation and forest mosaics in northern South Africa during past millennia. The 

Holocene 22(12):1427-1439.   

Brivio F, Grignolio S, Brambilla A, Apollonio M. 2014. Intra-sexual variabiilty in feeding 

behaviour of a mountain ungulate: size matters. Behavioral Ecology and Sociobiology 

68:1649-1660.  



  
 

109 
 

Brockell BH, Biggs HC, van Wilgen BW. 2001. A patch mosaic burning system for 

conservation areas in southern African savannas. International Journal of Wildland Fire 

10:169-183.  

Brown CL, Smith JB, Wisdom MJ, Rowland MM, Spitz, Clark DA. 2020. Evaluating 

Indirect Effects of Hunting on Mule Deer Spatial Behavior. The Journal of Wildlife 

Management 1–10  

Brown JS, Alkon PU. 1990. Testing values of crested porcupine habitats by experimental 

food patches. Oecologia 83:512-518.   

Brown JS, Laundré JW, Gurung M. 1999. The ecology of fear: optimal foraging, game 

theory, and trophic interactions. Journal of Mammalogy 80(2):385-399.  

Bucini G, Hanan NP. 2007. A continental-scale analysis of tree cover in African savannas. 

Global Ecology and Biogeography 16(5):593-605.   

Buckland ST, Anderson DR, Burnham KP, Laake JL, Borchers DL, Thomas LT. 2001. 

Introduction to distance sampling. Oxford University Press, Oxford.  

Buckland ST, Rexstad EA, Marques TA, Oedekoven CS. 2015. Distance sampling: 

methods and applications. Springer.  

Burkepile DE, Burns CE, Tambling CJ, Amendola E, Buis GM, Govender N, Nelson V, 

Thompson DI, Zinn AD, Smith MD. 2013. Habitat selection by large herbivores in a 

southern African savannal: the relative roles of bottom-up and top-down forces. 

Ecosphere 4(11):139.   

Burnham KP, Anderson DR. 2002. Model Selection and Multimodel Inference A practical 

Information-Theoretic Approach. Second Edition. Springer.  

Burrows ND. 2008. Linking fire ecology and fire management in south-west Australian 

forest landscapes. Forest Ecology and Management 255:2394-2406.  

Burtis JC, Sullivan P, Levi T, Oggenfuss K, Fahey TJ, Ostfeld R. 2016. The impact of 

temperature ad precipitation in blacklegged tick activity and Lyme disease incidence in 

endemic and emerging regions. Parasites & Vectors 9:606.  



  
 

110 
 

Cahill AE, Aiello-Lammens ME, Fisher-Reid MC, Hua X, Karanewsky CJ, Yeong Ryu H, 

Sbeglia GC, Spagnolo F, Waldron JB, Warsi O, Wiens JJ. 2012. How does climate 

change cause extinction? Proceedings of the royal society B 280:20121890.   

Cameron EZ, du Toit JT. 2007. Winning by a neck: Tall giraffes avoid competing with 

shorter browsers. The American Naturalist 169(1):130-135.   

Cañadas A, Aguilar de Soto N, Aissie M, Arcangeli A, Azzolin M, B-Nagy A,Bearzi G, 

Campana I, Chicote C, Cotte C, Crosti R, David L, Di Natale A, Fortuna C, Frantzis  A, 

Garcia  P, Gazo M, Gutierrez-Xarxa R, Holcer D, Laran S, Lauriano G, Lewis T, Moulins 

A, Mussi B, Notarbartolo di Sciarau G, Panigada S, Pastor X, Politi E, Pulcini M, Raga 

JA, Rendell L, Rosso M, Tepsich P, Tomás J, Tringali M, Roger T. 2018. The challenge 

of habitat modelling for threatened low density species using heterogeneous data: The 

case of Cuvier’s beaked whales in the Mediterranean. Ecological Indicators 85:128-136.  

Candy SG. 2004. Modelling catch and effort data using generalised linear models, the 

Tweedie distribution, random vessel effects and random stratum-by-year effects. 

CCAMLR Science 11:59–80.  

Carroll JF, Schmidtmann ET. 1992. Tick sweep: modifcation of the tick drag/fag method 

for sampling nymphs of the deer tick (Acari: Ixodidae). Journal of Medical Entomology 

29:352-355.  

Castelló JR, Huffman B, Groves CP. 2016. Bovids of the World. Princeton University 

Press. 664pp.  

Castro KC, Leblond M, Côté SD. 2018. Costs and benefits of post-weaning associations 

in mountain goats. Behaviour 155:295-326.  

Chang AM, Wiebe KL. 2016. Body condition in Snowy Owls wintering on the prairies is 

greater in females and older individuals and may contribute to sex-biased mortality. The 

Auk: Ornitological Advances 133:738-746.  

Ciuti S, Northrup JM, Muhly TB, Simi S, Musiani M, Pitt JA, Boyce MS. 2012. Effects of 

humans on behaviour of wildlife exceed those of natural predators in a landscape of fear. 

PLoS ONE 7(11):e50611.    



  
 

111 
 

Clifford DL, Schumaker BA, Stephenson TR, Bleich VC, Cahn ML, Gonzales BJ, Boyce 

WM,Mazet JAK. 2009. Assessing disease risk at the wildlife-livestock interface: A study 

of Sierra Nevada bighorn sheep. Biological Conservation 142:2559-2568.   

Clutton-Brock TH, Guinness FE, Albon SD. 1982. Red deer. Behavior and Ecology of two 

sexes. The University of Chicago.  

Clutton-Brock TH, Sheldon BC. 2010. Individuals and populations: the role of long-term, 

individual-based studies of animals in ecology and evolutionary biology. Trends in 

Ecology and Evolution 25(10):562-573.  

Codron D, Lee-Thorp JA, Sponheimer M, Codron J, de Ruiter D, Brink JS. 2007. 

Significance of diet type and diet quality for ecological diversity of African ungulates. 

Journal of Animal Ecology 76:526-537.   

Coetsee C, Bond WJ, February EC. 2010. Frequent fire affects soil nitrogen and carbon 

in an African savanna by changing woody cover. Oecologia 162(4):1027-1034.  

Coltman DW, O'Donoghue P, Jorgenson JT, Hogg JT, Strobeck C, Festa-Bianchet M. 

2003. Undesirable evolutionary consequences of trophy hunting. Nature 426:655-658.  

Connell JH. 1978. Diversity in Tropical Rain Forests and Coral Reefs. Science 

199(4335):1302-1310. 

Corey B, Andersen AN, Legge S, Woinarski JCZ, Radford IJ, PErry JJ. 2019. Better 

biodiversity accounting is needed to prevent bioperversity and maximize co-benefits from 

savanna burning. Conservation Letters e12685.  

Côté SD, Festa-Bianchet M. 2001. Birthdate, mass and survival in mountain goat kids: 

effects of maternal characteristics and forage quality. Oecologia 127:230-238.  

Coulson T, Guinness F, Pemberton J, Clutton-Brock T. 2004. The demographic 

consequences of releasing a population of red deer from culling. Ecology 85(2):411-422.  

CoulsonT, Catchpole EA, Albon SD, Morgan BJT, Pemberton JM, Clutton-Brock TH, 

Crawley MJ, Grenfell BT. 2001. Age, sex, density, winter weather, and population crashes 

in Soay Sheep. Science 292:1528-1531.  



  
 

112 
 

Cowling, RM, Richardson, DM, Pierce, SM. 1997. Vegetation of Southern Africa. 

Cambridge University Press.  

Crego RD, Ogutu JO, Wells HBM, Ojwang GO, Martins DJ, Leimgruber P, Stabach JA. 

2020. Spatiotemporal dynamics of wild herbivore species richness and occupancy across 

a savannah rangeland: Implications for conservation. Biological Conservation 

242:108436.  

Cromsigt JPGM, Kuijper DPJ, Adam M, Beschta RL, Churski M, Eycott A, Kerley GIH, 

Mysterud A, Schmidt K, West K. 2013. Hunting for fear: innovating management of 

human-wildlife conflicts. Journal of Applied Ecology 50:544-549.  

Cromsigt JPGM, Olff H. 2006. Resource partitioning among savanna grazers mediated 

by local heterogeneity: an experimental approach. Ecology 87(6):1532-1541.   

Cucco M, Bowman R. 2018. Mass fluctuation in breeding females, males, and helpers of 

the Florida scrub-jay Aphelocoma coerulescens. PeerJ 6:e5607.  

Cully JF. 1999. Lone star tick abundance, fire, and bison grazing in tall-grass prairie. 

Journal of Range Management 52(2):139-144.   

Cumming DHM, Cumming GS. 2003. Ungulate community structure and ecological 

processes: body size, hoof area and trampling in African savannas. Oecologia 134:560-

568.   

Curio E. 1976. The ethology of predation. Springer New York.  

Davidson AD, Shoemaker KT, Weinstein B, Costa GC, Brooks TM, Ceballos G, Radeloff 

VC, Rondinini C, Graham CH. 2017. Geography of current and future global mammal 

extinction risk. PLoS ONE 12(11): e0186934.   

Davidson WR, Siefken DA, Creekmore LH. 1994. Influence of annual and biennial 

prescribed burning during March on the abundance of Amblyomma americanum (Acari: 

Ixodidae) in central Georgia. Journal of Medical Entomology 31:72-81.  



  
 

113 
 

de Garine-Wichatitsky M. 2002. Adult tick burdens and habitat use of sympatric wild and 

domestic ungulates in a mixed ranch in Zimbabwe. No evidence of direct relationship. 

Annals New York Academy of Sciences 969:306-313.  

de Iongh HH, de Jong CB, van Goethem J, Klop E, Brunsting AMH, Loth PE, Prins HHT. 

2011. Resource partitioning among African savanna herbivores in North Cameroon: the 

importance of dite composition, food quality and body mass. Journal of Tropical Ecology 

27:503-513.  

de la Fuente J, Antunes S, Bonnet S, Cabezas-Cruz A, Domingos AG, Estrada-Peña A, 

Johnson N, Kocan KM, Mansfield KL, Nijhof AM, Papa A, Rudenko N, Villar M, Alberdi P, 

Torina A, Ayllón N, Vancova M, Golovchenko M, Grubhoffer L, Caracappa S, Fooks AR, 

Gortazar C, Rego ROM. 2017. Tick-pathogen interactions and vector competence: 

identification of molecular drivers for tick-borne diseases. Frontiers in Cellular and 

Infection Microbiology 7:114.  

de Vivo M, Carmignotto AP. 2004. Holocene vegetation change and the mammal faunas 

of South America and Africa. Journal of Biogeography 31(6):943-957.   

Debeffe L, McLoughlin PD, Medill SA, Stewart K, Andres D, Shury T, Wagner B, Jenkins 

E, Gilleard JS, Poissant J. 2016. Negative covariance between parasite load and body 

condition in a population of feral horses. Parasitology 143(8):983-997.  

Debeffe L, Rivrud IM, Brekkum Ø, Meisingset EL, Mysterud A. 2017. Implications of the 

forage maturation hypothesis for activity of partially migration male and female deer. 

Ecosphere 8(12):e02050.  

Decristophoris PMA, von Hardenberg A, McElligott AG. 2007. Testosterone is positively 

related to the output of nematode eggs in male Alpine ibex (Capra ibex) faeces. 

Evolutionary Ecology Research 9:1277-1292.  

Delciellos AC, Prevedello JA, Ribeiro SE, Cerqueira R, Vieira MV. 2018. Negative or 

positive density-dependence in movements depends on climatic seasons: The case of a 

Neotropical marsupial. Austral Ecology 44(2):216-222.  



  
 

114 
 

Dellabianca NA, Pierce GJ, Rey AR, Scioscia G, Miller DL, Torres MA, Viola MNP, 

Goodall RNP, Schiavini ACM. 2016. Spatial Models of Abundanceand Habitat 

Preferences of Commerson’s and Peale’s Dolphin in SouthernPatagonian Waters. PLoS 

ONE 11(10):e0163441.  

Devenish C, Buchanan GM, Smith GR, Marsden SJ. 2017. Extreme and complex 

variation in range-wide abundances across a threatened Neotropical bird community. 

Diversity and Distributions 23:910-921.  

Diplock N, Johnston K, Mellon A, Mitchell L, Moore M, Schneider D, Taylor A, Whitney J, 

Zegar K, Kioko J, Kiffner C. 2018. Large mammal declines and the incipient loss of 

mammal-bird mutualisms in an African savanna ecosystem. PLoS ONE 13(8): e0202536.  

Djagoun CAMS, Sinsin B, Wrage-Mönnig N. 2020. Stable isotope niche segregation 

between rare topi antelope (Damaliscus lunatus korrigum) and other sympatric bulk 

grazers in Pendjari Biosphere Reserve (Northern Benin): Implication for topi conservation. 

Global Ecology and Conservation 22:e00918.  

Docherty TDS, Hethcoat MG, MacTavish LM, MacTavish D, Dell S, Stephens PA, Willis 

SG. 2020. Burning savanna for avian species richness and functional diversity. Ecological 

Applications https://doi.org/10.1002/eap.2091  

Dominici F, McDermott A, Zeger SL, Samet J. 2002. On the use of Generalized additive 

models in time-series studies of air popllution and health. American Journal of 

Epidemiology 156(3):193-203.  

Donadio E, Buskirk SW. 2006. Flight behaviour in guanacos and vicuñas in areas with 

and without poaching in western Argentina. Biological Conservation 127:139-145.  

Douhard M, Festa-Bianchet M, Landes J, Pelletier F. 2019. Trophy hunting mediates sex-

specific associations between early-life environmental conditions and adult mortality in 

bighorn sheep. Journal of Animal Ecology 88:734–745.  

Douhard M, Guillemette S, Festa-Bianchet M, Pelletier F. 2018. Drivers and demographic 

consequences of seasonal mass changes in an alpine ungulate. Ecology 99(3):724-734.  



  
 

115 
 

Drew ML, Samuel WM, Lukiwski GM, Willman JN. 1985. An evaluation of burning for 

control of winder ticks, Dermacentor albipictus, in Central Alberta. Journal of Wildlife 

Diseases 21(3):313-315.  

Driscoll DA, Lindenmayer DB, Bennett AF, Bode M, Bradstock RA, Cary GJ, Clarke MF, 

Dexter N, Fensham R, Friend G, Gill M, James S, Kay G, Keith DA, MacGregor C, 

Russell-Smith J, Salt D, Watson JEM, Williams RJ, York A. 2010. Fire management for 

biodiversity conservation: Key research questions and our capacity to answer them. 

Biological Conservation 143:1928-1939.  

du Toit JT, Cumming DHM. 1999. Functional significance of ungulate diversity in African 

savannas and the ecological implications of the spread of pastoralism. Biodiversity and 

Conservation 8:1643-1661.  

Eisen RJ, Eisen L, Beard CB. 2016. County-scale distribution of Ixodes scapularis and 

Ixodes pacificus (Acari: Ixodidae) in the continental United States.  Journal of Medical 

Entomology 53:349-386.  

Ekblom A, Gillson L. 2010. Fire history and fire ecology of Northern Kruger (KNP) and 

Limpopo National Park (PNL), southern Africa. The Holocene  20(7):1063-1077.   

Elzinga CL, Salzer DW, Willoughby JW. 1998. Measuring & Monitoring Plant Populations. 

U.S. Dept. of the Interior, Bureau of Land Management.  

Engelbrecht F, Adegoke J, Bopape MJ, Naidoo M, Garland R, Thatcher M, McGregor J, 

Katzfey J, Werner M, Ichoku C, Gatebe C. 2015. Projections of rapidly rising surface 

temperatures over Africa under low mitigation. Environmental Research Letters 

10:085004.   

Estes RD. 1976. The significance of breeding synchrony in the wildebeest. East African 

Wildlife Journal 14:135-152.  

Faith JT. 2011. Late Pleistocene climate change, nutrient cycling, and the megafaunal 

extinctions in North America. Quaternary Science Reviews 30:1675-1680.   



  
 

116 
 

Favier C, Chave J, Fabing A, Schwartz D, Dubois MA. 2004. Modelling forest-savanna 

mosaic dynamics in man-influenced environments: effects of fire climate and soil 

heterogeneity. Ecological Modelling 171:85-102.  

Fernandez-Carrillo A, McCaw L, Tanase MA. 2019. Estimating prescribed fire impacts 

and post-fire tree survival in eucalyptus forests of Western Australia with L-band SAR 

data. Remote Sensing of Environment 224:133-144.  

Ferretti F, Lovari S, Stephens PA.2109. Joint effects of weather and interspecific 

competition on foraging behavior and survival of a mountain herbivore. Current Zoology 

65(2):165-175.  

Festa-Bianchet M, Côté SD. 2008. Mountain Goats: Ecology, Behavior, and Conservation 

of an Alpine Ungulate. Island Press, Washington, DC.  

Festa‐Bianchet M, Côté SD, Hamel S, Pelletier F. 2019. Long‐term studies of bighorn 

sheep and mountain goats reveal fitness costs of reproduction. Journal of Animal Ecology 

88(8):1118-1133.  

Fifield DA, Hedd A, Avery-Gomm S, Robertson GJ, Gjerdrum C, Tranquilla LM. 2017. 

Employing Predictive Spatial Models to Inform Conservation Planning for Seabirds in the 

Labrador Sea. Frontiers in Marine Science 4:149.  

Flores-Saavedra W, Espunyes J, Fernández-Aguilar X, Colom-Cadena A, Velarde R, 

Mentaberre G, Lavín S, López-Olvera JR, Serrano E. 2018. Fat reserve assessment in 

Pyrenean chamois using body measurements. Mammalian Biology 89:79-83.  

Foley JA, Defries R, Asner GP, Barford C, Bonan G, Carpenter SR, Chapin FS, Coe MT, 

Daily GC, Gibbs HK, Helkowski JH, Holloway T, Howard EA, Kucharik CJ, Monfreda C, 

Patz JA, Prentice IC, Ramankutty N, Snyder PK. 2005. Global consequences of land use. 

Science 309(5734):570-574.   

Fonseca F, de Figueiredo T, Nogueira C, Queirós A. 2017. Effect of prescribed fire on 

soil properties and soil erosion in a Mediterranean mountain area. Geoderma 307:172-

180.  



  
 

117 
 

Frid A, Dill L. 2002. Human-caused Disturbance Stimuli as a Form of Predation Risk. 

Conservation Ecology 6(1): 11.  

Fuhlendorf SD, Engle DM, Kerby J, Hamilton R. 2009. Pyric herbivory: Rewilding 

landscapes through the recoupling of fire and grazing. Conservation Biology 23(3):588-

598.  

Fullman TJ, Bunting EL, Kiker GA, Southworth J. 2017. Predicting shifts in large herbivore 

distributions under climate change and management using a spatially-explicit ecosystem 

model. Ecological Modelling 352:1-18.  

Fultz LM, Moore-Kucera J, Dathe J, Davinic M, Perry G, Wester D, Schwilk DW, Rideout-

Hanzak S. 2016. Forest wildfire and grassland prescribed fire effects on soil 

biogeochemical processes and microbial communities: Two case studies in the semi-arid 

Southwest. Applied Soil Ecology 99:118-128.  

Gaillard JM, Hewison AJM, Klein F, Plard F, Douhard M, Davison R, Bonenfant C. 2013. 

How does climate change influence demographic processes of widespread species? 

Lessons from the comparative analysis of contrasted populations of roe deer. Ecology 

Letters 16:48-57.  

Gallivan GJ, Horak IG. 1997. Body size and habitat as determinants of tick infestations of 

wild ungulates in South Africa. African Journal of Wildlife Research 27(2):63–70.  

Gallo T, Pejchar L. 2016. Improving habitat for game animals has mixed consequences 

for biodiversity conservation. Biological Conservation 197:47-52.  

Gaynor KM, Brown JS, Middleton AD, Power ME, Brashares JS. 2019. Landscapes of 

Fear: Spatial Patterns of Risk Perception and Response. Trends in Ecology & Evolution 

34(4):355-368.  

Gaynor KM, Cherry MJ, Gilbert SL, Kohl MT, Larson CL, Newsome TM, Prugh LR, Suraci 

JP, Young JK, Smith JA. 2020. An applied ecology of fear framework: linking theory to 

conservation practice. Animal Conservation doi:10.1111/acv.12629.  

Gilbert L, Nrunker K, Lande U, Klingen I, Grøva L. 2017. Environmental risk factors for 

Ixodes ricinus ticks and their infestation on lambs in a changing ecosystem: Implications 



  
 

118 
 

for tick control and the impact of woodland encroachment on tick-borne disease in 

livestock. Agriculture, Ecosystems and Environment 237:265-273.  

Gleim ER, Conner LM, YAbsley MJ. 2013. The effects of Solenopsis invicta 

(Hymenoptera: Formicidae) and Burned Habitat on the Survival of Amblyomma 

americanum (Acari: Ixodidae) and Amblyomma maculatum (Acari:Ixodidae). Journal of 

Medical Entomology 50(2):270-276.  

Gleim ER, Zemtsova GE, Berghaus RD, Levin ML, Conner M, Yabsley MJ. 2019. 

Frequent Prescribed Fires Can Reduce Risk of Tick-borne Diseases. Scientific Reports 

9:9974.  

Godde S, Côté SD, Réale D. 2015. Female mountain goats, Oreamnos americanus, 

associate according to kinship and reproductive status. Animal Behaviour 108:101-107.  

Godínez-Alvarez H, Herrick JE, Mattocks M, Toledo D, Van Zee J. 2009. Comparison of 

three vegetation monitoring methods: their relative utility for ecological assessment and 

monitoring. Ecological Indicators 9:1001-1008.  

Goheen JR, Palmer TM, Keesing F, Riginos C, Young TP. 2010. LArge herbivores 

facilitate savanna tree establishment via diverse and indirect pathways. Journal of Animal 

Ecology 79:372-382.   

Goodman SM, Rajemison FI, Lalarivoniaina OSN. 2017. Morphometric patterns of 

secondary sexual dimorphism and seasonal differences in Rousettus madagascariensis 

from Northern Madagascar. Acta Chiropterologica 19(1):71-75.  

Gordon IJ, Hester AJ, Festa-Bianchet M. 2004. The management of wild herbivores to 

meet economic, conservation and environmental objectives. Journal of Applied Ecology 

41:1021-1031.   

Govender N, Trollope WSW, van Wilgen BW. 2006. The effect of fire season, fire 

frequency, rainfall and management on fire intensity in savanna vegetation in South 

Africa. Journal of Applied Ecology 43(4):748-758.  

Grace JB. 2006. Structural equation modeling and natural systems. Cambridge University 

Press.  



  
 

119 
 

Green ML, Kelly AC, Satterthwaite-Phillips D, Manjerovic MB, Shelton P, Novakofski J, 

Mateus-Pinilla N. 2017. Reproductive characteristics of female white-tailed deer 

(Odocoileus virginianus) in the Midwestern USA. Theriogenology 94:71-78.  

Grignolio S, Merli E, Bongi P, Ciuti S, Apollonio M. 2011. Effects of hunting with hounds 

on a non-target species living on the edge of a protected area. Biological Conservation 

144:641-649.  

Grilo C, Bissonette JA, Santos-Reis M. 2009. Spatial-temporal patterns in Mediterranean 

carnivore road casualties: Consequences for mitigation. Biological Conservation 

142:301-313.   

Hahn GE, Coates TA, Latham RE, Majidzadeh H. 2019. Prescribed Fire Effects on Water 

Quality and Freshwater Ecosystems in Moist-Temperate Eastern North America. Natural 

Areas Journal 39(1):46-57.  

Hall LK, Larsen RT, Knight RN, McMillan BR. 2018. Feral horses influence both spatial 

and temporal patterns of water use by native ungulates in a semi-arid environment. 

Ecosphere 9(1):e02096.  

Harper AR, Doerr SH, Santin C, Froyd CA, Sinnadurai P. 2018. Prescribed fire and its 

impacts on ecosystem services in the UK. Science of the Total Environment 624:691-

703.  

Harris G, Thirgood S, Hopcraft JGC, Cromsigt JPGM, Berger J. 2009. Global decline in 

aggregated migrations of large terrestrial mammals. Endangered Species Research 7:55-

76. 

Harris NC, Mills KL, Harissou Y, Hema EM, Gnoumou IT, VanZoeren J, Abdel-Nasser YI, 

Doamba B. 2019. First camera survey in Burkina Faso and Niger reveals human 

pressures on mammal communities within the largest protected area complex in West 

Africa. Conservation Letters 12(5):e12667.  

Hastie TJ, Tibshirani RJ. 1990. Generalized Additive Models. Chapman &Hall (CRC 

Press). 335pp.  



  
 

120 
 

Hempson GP, Archibald S, Bond WJ. 2015. A continent-wide assessment of the form and 

intensity of large mammal herbivory in Africa. Science 350(6264):1056-1061.  

Herfindal I, Haanes H, Solberg EJ, Røed KH, Høgda KA, Sæther BE. 2014. Moose body 

mass variation revisited: disentangling effects of environmental conditions and genetics. 

Oecologia 174:447-458.  

Herr H, Scheidat M, Lehnert K, Siebert U. 2009. Seals at sea: modelling seal distribution 

in the German bight based on aerial survey data. Marine Biology 156:811-820.  

Herrick JE, Van Zee JW, Havstad KM, Burkett LM, Whitford WG. 2005. Monitoring Manual 

for grassland, shrubland and savanna ecosystems. Volumes I and II. USDA-ARS Jornada 

Experimental Range. 

Higgins SI, Scheiter S. 2012. Atmospheric CO2 forces abrupt vegetation shifts locally, but 

not globally. Nature 488(7410),209-212. 

Hirota M, Holmgren M, Van Nes EH, Scheffer M. 2011. Global resilience of Tropical 

Forest and Savanna to Critical Transitions. Science 334(6053):232-235.   

Hobbs NT. 1996. Modification of ecosystems by ungulates. The Journal of Wildlife 

Management 60(4):695-713.   

Hodo CL, Forgacs D, Auckland LD, Bass K, Lindsay C, Bingaman M, Sani T, Colwell K, 

Hamer GL, Hamer SA. 2020. Presence of diverse Rickettsia spp. And absence of Borrelia 

burgdorferi sensu lato in ticks in an East Texas forest with reduced tick density associated 

with controlled burns. Ticks and Tick-borne Diseases 11:101310.  

Holdo RM, Holt RD, Fryxell JM. 2009. Grazers, browsers, and fire influence the extent 

and spatial pattern of tree cover in the Serengeti. Ecological Applications 19(1):95-109.   

Horak IG, Gallivan GJ, Spickett AM, Potgieter ALF. 2006. Effect of burning on the 

numbers of questing ticks collected by dragging. Onderstepoort Journal of Veterinary 

Research 73:163-174.  



  
 

121 
 

Howard C, Stephens PA, Tobias JA, Sheard C, Butchart SHM, Willis SG. 2018. Flight 

range, fuel load and the impact of climate change on the journeys of migrant birds. 

Proceedings of the Royal Society B 285: 20172329.  

Hunter ME, Robles MD. 2020. Tamm review: The effects of prescribed fire on wildfire 

regimes and impacts: A framework for comparison. Forest Ecology and Management 

475:118435.  

Hutchinson GE. 1959. Homage to Santa Rosalia or why are there so many kinds of 

animals? The American Naturalist 93:145-159.  

Illius AW. 1997. Physiological adaptation on savanna ungulates. Proceedings of the 

Nutrition Society 56:1041-1048.   

IUCN, The IUCN Red List of Threatened Species. Version 2013.2 (2013) 

http://iucnRedList.org.   

Izbicki BJ, Alexander HD, Paulson AK, Frey BR, McEwan RW, Berry AI. 2020. Prescribed 

fire and natural canopy gap disturbances: Impacts on upland oak regeneration. Forest 

Ecology and Management 465:118107.  

Jabbar A, Abbas T, Sandhu ZU, Saddiqi HA, Qamar MF, Gasser RB. 2015. Tick-borne 

diseases of bovines in Pakistan: major scope for future research and improved control. 

Parasites & Vectors 8:283.  

Jarman PJ. 1974. The social organisation of antelope in relation to their ecology. 

Behaviour 48(1–4):215–267.  

Johann F, Handschuh M, Linderoth P, Dormann CF, Arnold J. 2020. Adaptation of wild 

boar (Sus scrofa) activity in a human-dominated landscape. BMC Ecology 20:4.  

Johnson CN. 2009. Ecological consequences of Late Quaternary extinctions of 

megafauna. Proceedings: Biological Sciences 276(1667):2509-2519.   

Jongejan F, Uilenberg G. 2004. The global importance of ticks. Parasitology 129:S3-S14.  



  
 

122 
 

Journeaux KL, Gardner PC, Lim HY, Wern JGE, Goossens B. 2018. Herd demography, 

sexual segregation and the effects of forest management on Bornean banteng Bos 

javanicus lowi in Sabah, Malaysian Borneo. Endangered Species Research 35:141-157.  

Kareiva P, Odell G. 1987. Swarms of predators exhibit Preytaxis if individual predators 

use area-restricted search. The American Naturalist, 130:233–270.  

Kautz TM, Belant JL, Beyer Jr DE, Strickland BK, Duquette JF. 2019. Influence of body 

mass and environmental conditions on winter mortality risk of a northern ungulate: 

Evidence for a late-winter survival bottleneck. Ecology and Evolution 10:1666-1677.  

Kiffner C, Rheault H, Miller E, Scheetz T, Enriquez V, Swafford R, Kioko J, Prins HHT. 

2017. Long-term population dynamics in a multi-species assemblage of large herbivores 

in East Africa. Ecosphere  8(12):e02027.  

Kihwele ES, Mchomvu V, Owen-Smith N, Hetem RS, Hutchinson MC, Potter AB, Olff H, 

Veldhuis MP. 2020. Quantifying water requirements of African ungulates through a 

combination of functional traits. Ecological Monographs 90(2):e01404.  

Killeen J, Thurfjell H, Ciut S, Paton D, Musiani M, Boyce MS. 2014. Habitat selection 

during ungulate dispersal and exploratory movement ar broad and fine scale with 

implications for conservation management. Movement Ecology 2:15.  

Kilpatrick AM, Dobson ADM, Levi T, Salkeld DT, Swei A, Ginsberg HS, Kjemtrup A, 

Padgett KA, Jensen PM, Fish D, Ogden NH, Diuk-Wasser M. 2017. Lyme disease 

ecology in a changing world: consensus, uncertainty, and critical gaps for improving 

control. Philos. Trans. Biol. Sci. 372:20160117.  

Kingdon J, Hoffmann M. 2013. Mammals of Africa Volume VI: Pigs, hippopotamuses, 

chevrotain, giraffes, deer and bovids. Bloomsbury.  

Kivaria FM. 2006. Estimated direct economic costs associated with tickborne diseases 

on cattle in Tanzania. Tropical Animal Health and Production 38(4):291-299.  

Klimas K, Hiesl P, Hagan D, Park D. 2020. Immediate Effects of Prescribed Fire on Sub-

Surface Water Quality in a Managed Yellow Pine Forest. Fire 3:14.  



  
 

123 
 

Klop E, Prins HHT. 2008. Diversity and species composition of West African ungulate 

assemblages: effects of fire, climate and soil. Global Ecology and Biogeography 17:778-

787.  

Klop E, van Goethem J. 2008. Savanna fires govern community structure of ungulates in 

Bénoué National Park, Cameroon. Journal of Tropical Ecology 24(1):39-47.   

Knapp AK, Beier C, Briske DD, Classen AT, Luo Y, Reichstein M, Smith MD, Smith SD, 

Bell JE, Fay PA, Heisler JL, Leavitt SW, Sherry R, Smith B, Weng E. 2008. Consequences 

of More Extreme Precipitation Regimes for Terrestrial Ecosystems. BioScience 

58(9):811-821.  

Koerner SE, Burkepile DE, Fynn RWS, Burns CE, Eby S, Govender N, Hagenah N, 

Matchett KJ, Thompson DI, Wilcox KR, Collins SL, Kirkman KP, Knapp AK, Smith MD. 

2014. Plant community response to loss of large herbivores differs between North 

American and South African savanna grasslands. Ecology 95(4):808-816.  

Koerner SE, Poulsen JR, Blanchard EJ, Okouyi J, Clark CJ. 2017. Vertebrate community 

composition and diversity declines along a defaunation gradient radiating from rural 

villages in Gabon. Journal of Applied Ecology 54:805-814.  

Kornél Á, Lanszki J. 2017. Pre-, postnatal growth and maternal condition in a free ranging 

fallow deer population. Folia Zoologica 66(1):72-78.  

Kotler BP, Holt RD. 1989. Predation and competition: the interaction of two types of 

species interactions. OIKOS 54(2):256-260.   

Krijger IM, Belmain SR, Singleton GR, Koerkamp PWGG, Meerburg BG. 2017. The need 

to implement the landscape of fear within rodent pest management strategies.  Pest 

Management Science  DOI 10.1002/ps.4626.  

Krishna YC, Kumar A, Isvaran K. 2016. Wild Ungulate Decision-Making and the Role of 

Tiny Refuges in Human-Dominated Landscapes. PLoS ONE 11(3):e0151748.  

Lahkar D, Ahmed MF, Begum RH, Das SK, Harihar A. 2020. Biological Conservation. 

Responses of a wild ungulate assemblage to anthropogenic influences in Manas National 

Park, India. Biological Conservation 243:108425.  



  
 

124 
 

Laundré JW, Hernández L, Ripple WJ. 2010. The Landscape of Fear: Ecological 

Implications of Being Afraid. The Open Ecology Journal 3:1-7.  

Le Moullec M, Pedersen ÅØ, Yoccoz NG, Aanes R, Tufto J, Hansen BB. 2017. Ungulate 

population monitoring in an open tundra landscape: distance sampling versus total 

counts. Wildlife Biology 4.  

Lecomte X, Fedriani JM, Caldeira MC, Clemente AS, Olmi A, Bugalho MN. 2016. Too 

Many Is Too Bad: Long-Term Net Negative Effects of High Density Ungulate Populations 

on a Dominant Mediterranean Shrub. PLoS ONE 11(7):e0158139.  

Lefcheck JS. 2014. Package ‘piecewiseSEM’. https://cran.r-

project.org/web/packages/piecewiseSEM/piecewiseSEM.pdf.  

Lefcheck JS. 2016. PIECEWISESEM: Piecewise structural equation modelling in R for 

ecology, evolution, and systematics. Methods in Ecology and Evolution 7:573-579.  

Lehmann CE. 2010. Savannas need protection. Science 5(5966):642-643.   

Lehmann CER, Archibald SA, Hoffmann WA, Bond WJ. 2011. Deciphering the distribution 

of the savanna biome. New Phytologist 191(1):197–209.   

Leighton PA, Horrocks JA, Kramer DL. 2010. Conservation and the scarecrow effect: Can 

human activity benefit threatened species by displacing predators?. Biological 

Conservation 143:2156-2163.  

Lemaître JF, Cheynel L, Douhard F, Bourgoin G, Débias F, Ferté H, Gilot-Fromont E, 

Pardonnet S, Pellerin M, Rey B, Vanpé C, Hewison AJM, Gaillard JM. 2018. The influence 

of early-life allocation to antlers on male performance during adulthood: Evidence from 

contrasted populations of large herbivore. Journal of Animal Ecology 87:921-932.  

Lenth R, Singmann H, Love J, Buerkner P, Herve M. 2020. Package ‘emmeans’ version 

1.4.5. https://cran.r-project.org/web/packages/emmeans/emmeans.pdf.  

Lesage L, Crête M, Huot J, Ouellet JP. 2001. Evidence for trade-off between growth and 

body reserves in northern white-tailed deer. Oecologia 126:30-41.  



  
 

125 
 

Lesmerises F, Dussault C, St-Laurent M. 2013. Major roadwork impacts the space use 

behaviour of gray wolf. Landscape and Urban Planning 112:18-25.   

Li Z. 2013. Sex-age related rumination behavior of Père David's deer under constraints 

of feeding habitat and rainfall. PloS ONE 8(6):e66261.  

Lima SL, Dill LM. 1990. Behavioral decisions made under the risk of predation: a review 

and prospectus. Canadian Journal of Zoology 68(4):619-640.   

Lister AM, Stuart AJ. 2008. The impact of climate change on large mammal distribution 

and extinction: Evidence from the last glacial/interglacial transition. C R Geoscience 

340:615-620.   

Loarie SR, van Aarde RJ, Pimm SL. 2009. Elephant seasonal vegetation preferences 

across dry and wet savannas. Biological Conservation 142:3099-3107.  

Lombardini M, Varuzza P, Meriggi A. 2017. Influence of weather and phenotypic 

characteristics on pregnancy rates of female roe deer in central Italy. Population Ecology 

59(2):131–137.  

Lowrey B, Garrott RA, McWhirter DE, White PJ, DeCesare NJ, Stewart ST. 2018. Niche 

similarities among introduced and native mountain ungulates. Ecological Applications 

28(5):1131-1142.  

Luna RS, Duarte A, Weckerly FW. 2013. Influence of body size on dietary nutrition of 

white-tailed deer Odocoileus virginianus. Journal of Fish and Wildlife Management 

4(1):53–62.  

Mac S, da Silva SR, Sander B. 2019. The economic burden of Lyme disease and the 

cost-effectiveness of Lyme disease interventions: A scoping review. PLoS ONE 

14(1):e0210280.  

MacDonald AJ, Hyon DW, McDaniels A, O’Connor KE, Swei A, Briggs CJ. 2018. Risk of 

vector tick exposure initially increases, then declines through time in response to wildfire 

in California. Ecosphere 9(5):e02227.  



  
 

126 
 

Mainguy J, Côté SD, Coltman DW. 2009. Multilocus heterozygosity, parental relatedness 

and individual fitness components in a wild mountain goat, Oreamnos americanus 

population. Molecular Ecology 18:2297-2306.  

Mainguy J, Côté SD. 2008. Age- and state-dependent reproductive effort in male 

mountain goats, Oreamnos americanus. Behavioral Ecology and Sociobiology 62:935-

943.  

Malakoutikhah S, Fakheran S, Hemami MR, Tarkesh M, Senn J. 2019. Assessing future 

distribution, suitability of corridors and efficiency of protected areas to conserve 

vulnerable ungulates under climate change. Diversity and Distributions 26:1383–1396.  

Malo JE, Acebes P, Traba J. 2011. Measuring ungulate tolerance to human with flight 

distance: a reliable visitor management tool?. Biodiversity and Conservation 20:3477-

3488.   

Mansfield KL, Jizhou L, Phipps LP, Johnson N. 2017. Emerging tickborne viruses in the 

twenty-first century. Frontiers in Cellular and Infection Microbiology 7:298.  

Marino A, Johnson A. 2012. Behavioural response of free-ranging guanacos (Lama 

guanicoe) to land-use change: habituation to motorised vehicles in a recently created 

reserve. Wildlife Research 39(6):503-511.  

Marlon JR, Bartlein PJ, Carcaillet C, Gavin DG, Harrison SP, Higuera PE, Joos F, Power 

MJ, Prentice IC. 2008. Climate and human influences on global biomass burning over the 

past two millennia. Nature Geoscience 1:697-702.   

Marques TA, Thomas L, Fancy SG, Buckland ST. 2007. Improving estimates of bird 

density using multiple-covariate distance sampling. Auk 124:1229-1243.  

Marshal JP, Grange S, Marneweck D. 2012. Seasonal variation in body condition of 

impala at Manyeleti Game Reserve, South Africa. South African Journal of Wildlife 

research 42(2):128-137.  

Martin JM, Mead JI, Barboza PS. 2018. Bison body size and climate change. Ecology 

and Evolution 8:4564-4574.  



  
 

127 
 

Mason THE, Apollonio M, Chirichella R, Willis SG, Stephens PA. 2014. Environmental 

change and long-term body mass declines in an alpine mammal. Frontiers in Zoology 

11:69.  

Mather T, Dufy D, Campbell S. 1993. An unexpected result from burning vegetation to 

reduce Lyme disease transmission risks. Journal of Medical Entomology 30:642-645.  

Mbow C, Nielsen TT, Rasmussnen K. 2000. Savanna fires in East-Central Senegal: 

Distribution patterns, resource management and perceptions. Human Ecology 28(4):561-

583.   

McCabe GJ, Bunnell JE. 2004. Precipitation and the occcurrence of Lyme Disease in the 

Northeastern United States. Vector-Borne and Zoonotic Diseases 4(2):143-148.  

McNaughton SJ. 1984. Grazing lawns: Animals in herds, plant form, and coevolution. The 

American Naturalist 124(6):863-886.  

McShea WJ, Sukmasuang R, Erickson DL, Herrmann V, Ngoprasert D, Bhumpakphan 

N, Davies SJ. 2019. Metabarcoding reveals diet diversity in an ungulate community in 

Thailand. Biotropica 51(6):923-937.  

Mendes CP, Carreira D, Pedrosa F, Beca G, Lautenschlager L, Akkawi P, Bercê W, 

Ferraz KMPMB, Galetti M. 2020. Landscape of human fear in Neotropical rainforest 

mammals. Biological Conservation 241:108257.  

Metcalf JL, Turney C, Barnett R, Martin F, Bray SC, Vilstrup JT, Orlando L, Salas-

Gismondi R, Loponte D, Medina M, De Nigris M, Civalero T, Fernández PM, Gasco A, 

Duran V, Seymour KL, Otaola C, Gil A, Paunero R, Prevosti FJ, Bradshaw CJA, Wheeler 

JC, Borrero L, Austin JJ, Cooper A. 2016. Synergistic roles of climate warming and human 

occupation in Patagonian megafaunal extinctions during the Last Deglaciation. Science 

Advances 2(6):e1501682.   

Midgley GF, Bond WJ. 2015. Future of African terrestrial biodiversity and ecosystems 

under anthropogenic climate change. Nature Climate Change 5:823-829.   



  
 

128 
 

Mierzejewska EJ, Alsarraf M, Behnke JM, Bajer A. 2015. The effect of changes in 

agricultural practices on the density of Dermacentor reticulatus ticks. Veterinary 

Parasitology 211:259-265.  

Miller DL, Burt ML, Rexstad EA, Thomas L. 2013. Spatial models for distance sampling 

data: recent developments and future directions. Methods in Ecology and Evolution 

4:1001-1010.   

Miller DL, Rexstad E, Burt L, Bravington MV, Hedley S. 2020. Package “dsm”. CRAN  

http://github.com/DistanceDevelopment/dsm  

Miller DL. 2020. Package “Distance”. CRAN 

http://github.com/DistanceDevelopment/Distance/  

Miura S, Maruyama N. 1986. Winter weight loss in Japanese Serow. The Journal of 

Wildlife Management 50(2):336-338.  

Møller AP. 2012. Urban areas as refuges from predators and flight distance of prey. 

Behavioral Ecology 23(5):1030-1035.   

Mooring MS, Hart BL. 1995. Costs of allogrooming in impala: distraction from vigilance. 

Animal Behaviour 49:1414-1416.   

Moquin P, Curry B, Pelletier F, Ruckstuhl KE. 2010. Plasticity in the rumination behaviour 

of bighorn sheep: contrasting strategies between the sexes?. Animal Behaviour 79:1047-

1053.  

Mori E. 2017. Porcupines in the landscape of fear: effect of hunting with dogs on the 

behaviour of a non-target species. Mammal Research 62(3):251-258.  

Mudumba T, Jingo S, Heit D, Montgomery RA. 2021. The landscape configuration and 

lethality of snare poaching of sympatric guilds of large carnivores and ungulates. African 

Journal of Ecology 59:51-62. 

Muhly TB, Semeniuk C, Massolo A, Hickman L, Musiani M. 2011. Human activity helps 

prey win the predator-prey space race. PLoS ONE 6(3):e17050.  



  
 

129 
 

Mulero-Pázmány M, D’Amico M, González-Suárez M. 2016. Ungulate behavioral 

responses to the heterogeneous roadnetwork of a touristic protected area in Africa. 

Journal of Zoology  298:233-240.  

Muñoz MA, Faz A, Acosta JA, Martínez-Martínez S, Zornoza R. 2015. Effect of South 

American grazing camelids on soil fertility and vegetation at the Bolivian Andean 

grasslands. Agriculture, Ecosystems and Environment 207:203-210.  

Nakashima Y, Hongo S, Akomo-Okoue EF. 2020. Landscape-scale estimation of forest 

ungulate density and biomass using camera traps: Applying the REST model. Biological 

Conservation 241:108381.  

Narladkar BW. 2018. Projected economic losses due to vector and vector-borne parasitic 

diseases in livestock of India and its significance in implementing the concept of 

integrated practices for vector management. Veterinary World 11(2):151-160. 

Ndabeni C, Shroyer M, Boonzaaier W, Mokgoko G, Mochine S. 2007. The Heritage Park 

Model: A Partnership Approach to Park Expansion in Poor Rural Area. USDA Forest 

Service Proceedings RMRS-P-49:78-86. 

Newbolt CH, Acker PK, Neuman TJ, Hoffman SI, Ditchkoff SS, Steury TD. 2017. Factors 

Influencing Reproductive Success in Male White-Tailed Deer. The Journal of Wildlife 

Management 81(2):206-217.  

Newman BC, Sutton WB, Wang Y, Schweitzer CJ, Moncayo AC, Miller BT. 2019. A 

standardized method for the construction of a tick drag/flag sampling approach and 

evaluation of sampling efficacy. Experimental and Applied Acarology 79:433-446.  

Nichol LM, Wright BM, O’Hara P, Ford JKB. 2017. Risk of lethal vessel strikes to 

humpback and fin whales off the west coast of Vancouver Island, Canada. Endangered 

Species Research 32:373-390.  

Nickel BA, Suraci JP, Allen ML, Wilmers CC. 2020. Human presence and human footprint 

have non-equivalent effects on wildlife spatiotemporal habitat use. Biological 

Conservation 241:108383.  



  
 

130 
 

Nowak K, le Roux A, Richards SA, Scheijen CPJ, Hill RA. 2014. Human observers impact 

habituated samango monkeys' perceived landscape of fear. Behavioral Ecology 

25(5):1199-1204. 

Nowak R. 1997. Walker's Mammals of the World. Baltimore: Johns Hopkins University 

Press.  

O’kane CAJ, Macdonald DW. 2018. Seasonal influences on ungulate movement within a 

fenced South African reserve. Journal of Tropical Ecology 34(3):200-203.  

Odadi WO, Karachi MK, Abdulrazak SA, Young T.P. 2011. African wild ungulates 

compete with or facilitate cattle depending on season. Science 333(6050):1753-1755.   

Ofstad EG, Herfindal I, Solberg EJ, Sæther BE. 2016. Home ranges, habitat and body 

mass: simple correlates of home range size in ungulates. Proceedings of the Royal 

Society B 283:20161234.  

Ogutu JO, Owen-Smith N, Piepho HP, Dublin HT. 2015. How rainfall variation influences 

reproductive patterns of African savanna ungulates in an equatorial region where 

photoperiod variation is absent. PLoS ONE 10(8):e0133744.  

Ogutu JO, Piepho HP, Dublin HT, Bhola N, Reid RS. 2008. Rainfall influences on ungulate 

population abundance in the Mara-Serengeti ecosystem. Journal of Animal Ecology 

77:814-829.  

Ogutu JO, Piepho HP, Dublin HT. 2013. Responses of phenology, synchrony and 

fecundity of breeding by African ungulates to interannual variation in rainfall. Wildilfe 

Research 40:698-717.  

Ogutu JO, Piepho HP,Kanga E. 2012. Dynamics of an insularized and compressed 

impala population: rainfall, temperature and density influences. The Open Ecology 

Journal 5:1-17.  

Ostfeld RS, Canham CD, Oggenfuss K, Winchcombe RJ, Keesing F. 2006. Climate, deer, 

rodents, and acorns as determinants of variation in Lyme-Disease Risk. Plos Biology 

4(6):e145.  



  
 

131 
 

Otieno TO, Goheen JR, Webala PW, Mwangi A, Osuga IM, Ford AT. 2019. Human- and 

risk-mediated browsing pressure by sympatric antelope in an African savanna. Biological 

Conservation 232:59-65.  

Owen-Smith N, Hopcraft G, Morrison T, Chamaillé-Jammes S, Hetem R, Bennitt E, van 

Langevelde F. 2020. Movement ecology of large herbivores in African savannas: current 

knowledge and gaps. Mammal Review April.  

Owen-Smith N. 1993. Comparative Mortality Rates of Male and Female Kudus: The Costs 

of Sexual Size Dimorphism. Journal of Animal Ecology 62(3):428-440.  

Owen-Smith N. 2006. Demographic determination of the shape of density dependence 

for three African ungulate populations. Ecological Monographs 76(1):93-109.  

Owen-Smith N. 2013. Contrasts in the large herbivore faunas of the southern continents 

in the late Pleistocene and the ecological implications for human origins. Journal of 

Biogeography 40(7):1215-1224.   

Owen-Smith N. 2019. Ramifying effects of the risk of predation on African multi-predator, 

multiprey large-mammal assemblages and the conservation implications. Biological 

Conservation 232:51-58.  

Owens MK, Mackley JW, Carroll CJ. 2002. Vegetation dynamics following seasonal fires 

in mixed Mesquite/Acacia savannas. Journal of Range Management 55(5):509-516.   

Palmer TM, Stanton ML, Young TP, Goheen JR, Pringle RM, Karban R. 2008. Breakdown 

of an ant-plant mutualism follows the loss of large herbivore from an African Savanna. 

Science 319(5860):192-195.   

Pansu J, Guyton JA, Potter AB, Atkins JL, Daskin JH, Wursten B, Kartzinel TR, Pringle 

RM. 2018. Trophic ecology of large herbivores in a reassembling African ecosystem. 

Journal of Ecology 107:1355-1376.  

Paoli A, Weladji RB, Holand Ø, Kumpula J. 2018. Winter and spring climatic conditions 

influence timing and synchrony of calving in reindeer. PLoS ONE 13(4):e0195603.  



  
 

132 
 

Parker KL, Barboza PS, Gillingham MP. 2009. Nutrition integrates environmental 

responses of ungulates. Functional Ecology 23:57-69.  

Parker KL, Gillingham MP, Hanley TA, Robbins CT. 1993. Seasonal patterns in body 

weight, body composition, and water transfer rates of free-ranging and captive black-

tailed deer (Odocoileus hemionus sitkensis) in Alaska. Canadian Journal of Zoology 

71:1397–1404.  

Pascual-Rico R, Sánchez-Zapata JA, Navarro J, Eguía S, Anadón JD, Botella F. 2020. 

Ecological niche overlap between co-occurring native and exotic ungulates: insights for a 

conservation conflict. Biological Invasions https://doi.org/10.1007/s10530-020-02265-x  

Pedersen EJ, Miller DL, Simpson GL, Ross N. 2019. Hierarchical generalized additive 

models in ecology: an introduction with mgcv. PeerJ 7:e6876.  

Peel D, Bravington MV, Kelly N, Wood SN, Knuckey I. 2012. A model-based approach to 

designing a fishery-independent survey. Journal of Agricultural, Biological, and 

Environmental Statistics 18(1):1–21.  

Peláez M, San Miguel A, Rodríguez-Vigal C, Perea R. 2017. Climate, female traits and 

population features as drivers of breeding timing in Mediterranean red deer populations. 

Integrative Zoology 12(5):396-408.  

Pelletier F, Festa-Bianchet M. 2004. Effects of body mass, age, dominance and parasite 

load on foraging time of bighorn rams, Ovis canadensis. Behavioral Ecology and 

Sociobiology 56:546-551.  

Pelletier F, Festa-Bianchet M. 2006. Sexual selection and social rank in bighorn rams. 

Animal Behaviour 71:649-655.  

Pereira P, Francos M, Brevik EC, Ubeda X, Bogunovic I. 2018. Post-fire soil 

management. Current Opinion in Environmental Science & Health doi: 

10.1016/j.coesh.2018.04.002.  

Perkins JS. 2019. ‘Only connect’: Restoring resilience in the Kalahari ecosystem. Journal 

of Environmental Management 249:109420.  



  
 

133 
 

Perrin MR. 1999. The social organisation of the greater kudu Tragelaphus strepsiceros 

(Pallas 1766). Tropical Zoology 12(2):169-208.  

Pettorelli N, Vik JO, Mysterud A, Gaillard JM, Tocker CJ, Stenseth NC. 2005. Using the 

satellite-derived NDVI to assess ecological responses to environmental change. Trends 

in Ecology & Evolution 20(9):503-510.  

Piesman J, Mather TN, Telford III SR, Spielman A. 1986. Concurrent Borrelia burgdorferi 

and Babesia microti Infection in Nymphal Ixodes dammini. Journal of Clinical Microbiology 

24(3):446-447.  

Pinheiro J, Bates D, DebRoy S, Sarkar D, Team RC. 2014. nlme: linear and nonlinear 

mixed effects models. http://cranr-projectorg/web/packages/nlme/indexhtml.  

Podofillini S, Cecere JG, Griggio M, Corti M, De Capua EL, Parolini M, Saino N, Serra L, 

Rubolini D. 2019. Benefits of extra food to reproduction depend on maternal condition. 

OIKOS 128:943–959.  

Polito VJ, Baum KA, Payton ME, Little SE, Fuhlendorf SD, Reichard MV. Tick abundance 

and levels of infestation on cattle in response to patch burning. Rangeland Ecology 

Management 66:545-552.  

Ponette-González AG, Curran LM, Pittman AM, Carlson KM, Steele BG, Ratnasari D, 

Mujiman, Weathers KC. 2016. Biomass burning drives atmospheric nutrient redistribution 

within forested peatlands in Borneo. Environmental Research Letters 11:085003.  

QGIS Development Team. 2019. QGIS Geographic Information System. Open Source 

Geospatial Foundation Project. http://qgis.osgeo.org  

R Core Team. 2018. R: A language and environment for statistical computing. R 

Foundation for Statistical Computing. https://www.R-project.org/.  

Radford IJ, Andersen AN. 2012. Effects of fire on grass-layer savanna 

macroinvertebrates as key food resources for insectivorous vertebrates in northern 

Australia. Austral Ecology 37(6):733-742.  



  
 

134 
 

Radovani NI, Funes MC, Walker RS, Gader R, Novaro AJ, 2015. Guanaco Lama 

guanicoe numbers plummet in an area subject to poaching from oil-exploration trails in 

Patagonia. Oryx 49(1):42-50. 

Ramsay TO, Burnett RT, Krewski D. 2003. The effect of concurvity in generalized additive 

models linking mortality to ambient particulate matter. Epidemiology 14(1):18-23.  

Randolph SE, 2000. Ticks and tick-borne disease systems in space and from space. 

Advances in Parasitology 47:217-243.  

Raynor EJ, Derner JD, Hoover DL, Parton WJ, Augustine DJ. 2020. Large-scale and local 

climatic controls on large herbivore productivity: implications for adaptive rangeland 

management. Ecological Applications 30(3):e02053.  

Richards SA, Whittingham MJ, Stephens PA. 2011. Model selection and model averaging 

in behavioural ecology: the utility of the IT-AIC framework. Behavioral Ecology and 

Sociobiology 65:77-89.  

Riginos C, Grace JB. 2008. Savanna tree density, herbivores, and the herbaceous 

community: Bottom-up vs. Top-down effects. Ecology 89(8):2228-2238.   

Riney T. 1955. Evaluating condition of free-ranging red deer (Cervus elaphus), with 

special reference to New Zealand.The New Zealand journal of science and technology 

36:430-463.  

Ripple WJ, Chapron G,López-Bao JV, Durant SM, Macdonald DW, Lindsey PA, Bennett 

EL, Beschta RL, Bruskotter JT, Campos-Arceiz A, Corlett RT, Darimont CT, Dickman AJ, 

Dirzo R, Dublin HT, Estes JA, Everatt KT, Galetti M, Goswami VR, Hayward MW, Hedges 

S, Hoffmann M, Hunter LTB, Kerley GIH, Letnic M, Levi T, Maisels F, Morrison JC, Nelson 

MP, Newsome TM, Painter L, Pringle RM, Sandom CJ, Terborgh J, Treves A, Van 

Valkenburgh B, Vucetich JA, Wirsing AJ, Wallach AD, Wolf C, Woodroffe R, Young H, 

Zhang L. 2016. Saving the World’s Terrestrial Megafauna. BioScience 66(10):807-812.  

Ripple WJ, Newsome TM, Wolf C, Dirzo R, Everatt KT, Galetti M, Hayward MW, Kerley 

GIH, Levi T, Lindsey TA, Macdonald DW, Malhi Y, Painter LE, Sandom CJ, Terborgh J, 



  
 

135 
 

van Valkenburgh B. 2015. Collapse of the world's largest herbivores. Science Advances 

1(4):e1400103.    

Risco D, Gonçalves P, Mentaberre G, Navarro-González N, Casas-Díaz E, Gassó D, 

Colom-Cadena A, Fernández-Aguilar X, Castillo-Contreras R, Velarde R, Barquero-

Pérez O, Fernández-Llario P, Lavín S, Fonseca C, Serrano E. 2018. Biometrical 

measurements as efficient indicators to assess wild boar body condition. Ecological 

Indicators 88:43-50.  

Rivas LF, Novaro AJ, Funes MC, Walker RS. 2015. Rapid assessment of distribution of 

wildlife and human activities for prioritizing conservation actions in a Patagonian 

Landscape. PLoS ONE 10(6):e0127265.  

Rivrud IM, Meisingset EL, Leo LE, Mysterud A. 2019. Future suitability of habitat in a 

migratory ungulate under climate change. Proceedings of the Royal Society B 

286:20190442.  

Roberts CP, Cain III JW, Cox RD. 2017. Identifying ecologically relevant scales of habitat 

selection: diel habitat selection in elk. Ecosphere 8(11):e02013.  

Rohde RF, Hoffman MT. 2012. The historical ecology of Namibian rangelands: 

Vegetation change since 1876 in response to local and global drivers. Science of The 

Total Environment 416:276-288.   

Romero-Castañón S, Ferguson BG, Güiris D, González D, López S, Paredes A, Weber 

M. 2008. Comparative parasitology of wild and domestic ungulates in the Selva 

Lacandona, Chiapas, Mexico. Comparative PArasitology 75(1):115-126.   

Rulison EL, Kuczaj I, Pang G, Hickling GJ, Tsao JI, Ginsberg HS. 2013. Flagging versus 

dragging as sampling methods for nymphal Ixodes scapularis (Acari: Ixodidae). Journal 

of Vector Ecology 38:163–167.  

Saab VA, Powell HDW. 2005. Fire and Avian Ecology in North America. Studies in Avian 

Biology 30.  

Sankaran M, Hanan NP, Scholes RJ, Ratnam J, Augustine DJ, Cade BS, Gignoux J, 

Higgins SI, Le Roux X, Ludwig F, Ardo J, Banyikwa F, Bronn A, Bucini G, Caylor KK, 



  
 

136 
 

Coughenour MB, Diouf A, Ekaya W, Feral CJ, February EC, Frost PGH, Hiernaux P, 

Hrabar H, Metzger KL, Prins HHT, Ringrose S, Sea W, Tews J, Worden J, Zambatis N. 

2005. Determinants of woody cover in African savannas. Nature 438:846-849.   

Sankaran M, Ratnam J, Hanan N. 2008. Woody cover in African savannas: the role of 

resources, fire and herbivory. Global Ecology and Biogeography 17:236-245.   

Sankaran M. 2005. Fire, grazing and the dynamics of tall-grass savannas in the Kalakad-

Mundanthurai Tiger Reserve, South India. Conservation & Society 3(1):4-25.   

Santangeli A, Spiegel O, Bridgeford P, Girardello M. 2018. Synergistic effect of land-use 

and vegetation greenness on vulture nestling body condition in arid ecosystems. Scientific 

reports 8:13027.  

Santos JPV, Vicente J, Carvalho J, Queirós J, Villamuelas M, Albanell E, Acevedo P, 

Gortázar C, López-Olvera JR, Fonseca C. 2018. Determining changes in the nutritional 

condition of red deer in Mediterranean ecosystems: Effects of environmental, 

management and demographic factors. Ecological Indicators 87:261-271.  

SchieltzJM, Rubenstein DI. 2016. Evidence based review: positive versus negative 

effects of livestock grazing on wildlife. What do we really know?. Environmental Research 

Letters 11:113003.  

Scholze R, Kiker GA, Smit IPJ, Venter FJ. 2006. Identifying drivers that influence the 

spatial distribution of woody vegetation in Kruger National Park, South Africa. Ecosphere 

5(6):1-12.   

Schroeder NM, González A, Wisdom M, Nielson R, Rowland MM, Novaro AJ. 2018. 

Roads have no effect on guanaco habitat selection at a Patagonian site with limited 

poaching. Global Ecology and Conservation 14:e00394.  

Schroeder NM, Matteucci SD, Moreno PG, Gregorio P, Ovejero R, Taraborelli P, 

Carmanchahi PD. 2014. Spatial and Seasonal Dynamic of Abundance and Distribution of 

Guanaco and Livestock: Insights from Using Density Surface and Null Models. PLoS ONE 

9(1):e85960.  



  
 

137 
 

Schuette P, Creel S, Christianson D. Ungulate distributions in a rangeland with 

competitors, predators and pastoralists. Journal of Applied Ecology 53:1066-1077.  

Seersholm FV, Werndly DJ, Grealy A, Johnson T, Early EMK, Lundelius Jr  EL, 

Winsborough B, Farr GE, Toomey R, Hansen AJ, Shapiro B, Waters MR, McDonald G, 

Linderholm A, Stafford Jr TW, Bunce M. 2020. Rapid range shifts and megafaunal 

extinctions associated with late Pleistocene climate change. Nature Communications 

11:2770.   

Sensenig RL, Demment MW, Laca EA. 2010. Allometric scaling predicts preferences for 

burned patches in a guild of East African grazers. Ecology 91(10):2898-2907.   

Setsaas TH, Holmern T, Mwakalebe G, Stokke S, Røskaft E. 2007. How does human 

exploitation affect impala poulations in protected and partially protected areas? – A case 

study from the Serengeti Ecosystem, Tanzania. Biological Conservation 136(4):563-570.   

Shipley B. 2009. Confirmatory path analysis in a generalized multilevel context. Ecology 

90:363-368.  

Shipley B. 2013. The AIC model selection method applied to path analytic models 

compared using a d-separation test. Ecology 94:560-564.  

Shono H. 2008. Application of the Tweedie distribution to zero-catch data in CPUE 

analysis. Fisheries Research 93(1–2):154–162.  

Shuaib YA, Elhag AMAW, Brima YA, Abdalla MA, Bakiet AO, Mohmed-Noor SET,  

Lemhöfer G, Bestehorn M, Poppert S, Schaper S, Dobler G, Bakkes DK, Chitimia-Dobler 

L. 2020. Ixodid tick species and two tick-borne pathogens in three areas in the Sudan. 

Parasitology Research 119:385-394.  

Silva M, Downing JA. 1995. CRC Hadbook of Mammalian Body Masses. CRC Press, 

359pp.  

Simpson DT, Teague MS, Weeks JK, KAup BZ, Kerscher O, Leu M. 2019. Habitat 

amount, quality, and fragmentation associated with prevalence of the tick-borne pathogen 

Ehrlichia chaffeensis and occupancy dynamics of its vector, Amblyomma americanum. 

Landscape Ecology 34:2435-2449.  



  
 

138 
 

Slocum MG, Platt WJ, Cooley HC. 2003. Effects of differences in prescribed fire regimes 

on patchiness and intensity of fires in Subtropical Savannas of Everglades National Park, 

Florida. Restoration Ecology 11(1):91-102.  

Smith IPJ, Archibald S. 2019. Herbivore culling influences spatio-temporal patterns of fire 

in a semiarid savanna. Journal of Applied Ecology 56:711-721.  

Smith JA, Donadio E, Pauli JN, Sheriff MJ, Middleton AD. 2019. Integrating temporal 

refugia into landscapes of fear: prey exploit predator downtimes to forage in risky places. 

Oecologia 189(4):883-890.  

Sonenshine DE, Roe RM. 2014. Biology of ticks, 2nd edition Oxford University Press, 

New York.  

Spare MR, Hanzlicek GA, Wootten KL, Anderson GA, Thomson DU, Sanderson MW, 

Ganta RR, Reif KE, Raghavan RK. 2020. Bovine anaplasmosis herd prevalence and 

management practices as risk-factors associated with herd disease status. Veterinary 

Parasitology: X 3:100021.  

Speed JDM, Austrheim G, Kolstad AL, Solberg EJ. 2019. Long-term changes in northern 

largeherbivore communities reveal differential rewilding rates in space and time. PLoS 

ONE 14(5):e0217166.  

Spinage CA. 1973. The role of photoperiodism in the seasonal breeding of tropical African 

ungulates. Mammal Review 3(3):71-84.  

Spitz DB, Rowland MM, Clark DA, Wisdom MJ, Smith JB, Brown CL, Levi T. 2019. 

Behavioral changes and nutritional consequences to elk (Cervus canadensis) avoiding 

perceived risk from human hunters. Ecosphere 10(9):e02864.  

Stafford IKC, Ward JS, Magnarelli LA. 1998. Impact of Controlled Burns on the 

Abundance of Ixodes scapularis (Acari: Ixodidae). Journal of Medical Entomology 

35(4):510-513.  

Stankowich T, Blumstein DT. 2005. Fear in animals: a meta-analysis and review of risk 

assessment. Proceedings of the Royal Society 272:2627-2634.  



  
 

139 
 

Stankowich T. 2008. Ungulate flight responses to human disturbance: a review and meta-

analysis. Biological Conservation 141:2159-2173.  

Staver AC, Archibald S, Levin SA. 2011. The global extent and determinants of savanna 

and forest as alternative biome states. Science 334(6053):230-232.   

Staver AC, Bond WJ, Stock WD, Van Rensburg SJ, Waldram MS. 2009. Browsing and 

fire interact to suppress tree density in an African savanna. Ecological Applications 

19(7):1909-1919.  

Staver AC, Hempson GP. 2020. Seasonal dietary changes increase the abundances of 

savanna herbivore species. Science Advances 6:eabd2848. 

Stevens N, Erasmus BFN, Archibald S, Bond WJ. 2016. Woody encroachment over 70 

years in South African savannahs: overgrazing, global change or extinction aftershock?. 

Philosophical Transactions of the Royal Society B 371:20150437. 

Stokely TD, Kormann UG, Betts MG. 2020. Synergistic effects of wild ungulates and 

management intensification suppress native plants and promote exotics. Forest Ecology 

and Management 460:117772.  

Stӓhli A, Edwards PJ, Venterink HO, Suter W. 2015. Convergent grazing responses of 

different-sized ungulates to low forage quality in a wet savanna. Austral Ecology 40:745-

757.  

Switalski TA, Nelson CR. 2011. Efficacy of road removal for restoring wildlife habitat: 

black bear in the Northern Rocky Mountains, USA. Biological Conservation 144:2666-

2673.   

Tablado Z, Revilla E, Dubray D, Saïd S, Maillard D, Loison A. 2016. From steps to home 

range formation: species-specific movement upscaling among sympatric ungulates. 

Functional Ecology 30:1384-1396.  

Teckentrup L, Grimm V, Kramer-Schadt S, Jeltsch F. 2018. Community consequences of 

foraging under fear . Ecological Modelling 383:80-90.  



  
 

140 
 

Therrien JF, Côté SD, Festa-Bianchet M, Ouellet JP. 2007. Conservative maternal care 

in an iteroparous mammal: a resource allocation experiment. Behavioral Ecology and 

Sociobiology 62:193-199.  

Theuerkauf J, Rouys S. 2008. Habitat selection by ungulates in relation to predation risk 

by wolves and humans in the Białowieża Forest, Poland. Forest Ecology and 

Management 256:1325-1332.  

Thomas CD, Cameron A, Green RE, Bakkenes M, Beaumont LJ, Collingham YC, 

Erasmus BFN, de Siqueira MF, Grainger A, Hannah L, Hughes L, Huntley B, van 

Jaarsveld AS, Midgley GF, Miles L, Ortega-Huerta MA, Peterson AT, Phillips OL, Williams 

SE. 2004. Extinction risk from climate change. Nature 427:145-148.   

Thomas L, Buckland ST, Rexstad EA, Laake JL, Strindberg S, Hedley SL, Bishop JR, 

Marques TA, Burnham KP. 2010. Distance software: Design and analysis of distance 

sampling surveys for estimating population size. Journal of Applied Ecology 47:5-14.  

Trenberth KE. 2011. Changes in precipitation with climate change. Climate Research 

47:123-138.  

Treydte AC, van der Beek JGM, Perdok AA, van Wieren SE. 2011. Grazing ungulates 

select for grasses growing beneath trees in African savannas. Mammalian Biology 

76:345-350.  

Turvey ST, Crees JJ. 2019. Extinction in the Anthropocene. Current Biology 29:R942-

R995.   

Tyrrell P, Russell S, Western D. 2017. Seasonal movements of wildlife and livestock in a 

heterogenous pastoral landscape: Implications for coexistence and community based 

conservation. Global Ecology and Conservation 12:59-72.  

Urban MC. 2015. Accelerating extinction risk from climate change. Science 

348(6234):571-573.   

Uys RG, Bond WJ, Everson TM. 2004. The effect of different fire regimes on plant 

diversity in southern African grasslands. Biological Conservation 118(4):489-499.  



  
 

141 
 

Valeix M, Hemson G, Loveridge AJ, Mills G, Macdonald DW. 2012. Behavioural 

adjustments of a large carnivore to access secondary prey in a human-dominated 

landscape. Journal of Applied Ecology 49:73-81.  

Valente AM, Marques TA, Fonseca C, Torres RT. 2016. A new insight for monitoring 

ungulates: density surface modelling of roe deer in a Mediterranean habitat.  European 

Journal of Wildlife Research 62:577-587.  

van Beest FM, Milner JM. 2013. Behavioural Responses to Thermal Conditions Affect 

Seasonal Mass Change in a Heat-Sensitive Northern Ungulate. PLoS ONE 8(6):e65972.  

van der Merwe J, Marshal JP. 2014. Grass attributes and seasonal changes in foraging 

by a preferentially grazing savanna mixed feeder. Journal of Arid Environments 102:34-

39. 

Van Oudtshoorn F. 2014. Guide to Grasses of southern Africa. Briza Publications. 

Veldhuis MP, Kihwele ES, Cromsigt JPGM, Ogutu JO, Hopcraft JGC, Owen-Smith N, Olff 

H. 2019. Large herbivore assemblages in a changing climate: incorporating water 

dependence and thermoregulation. Ecology Letters 22:1536-1546.  

Venter JA, Nabe-Nielsen J, Prins HHT, Slotow R. 2014. Forage patch use by grazing 

herbivores in a South African grazing ecosystem. Acta Theriologica 59:457-466.  

Verma S, Singh D, Singh AK, Jayakumar S. 2019. Post-fire soil nutrient dynamics in a 

tropical dry deciduous forest of Western Ghats, India. Forest Ecosystems 6:6.  

Villavicencio NA, Lindsey EL, Martin FM, Borrero LA, Moreno PI, Marshall CR, Barnosky 

AD. 2016. Combination of humans, climate, and vegetation change triggered Late 

Quaternary megafauna extinction in the Última Esperanza region, southern Patagonia, 

Chile. Ecography 39:125-140.   

Vucetich JA, Peterson RO. 2004. The influence of top-down, bottom-up and abiotic 

factors on the moose (Alces alces) population of Isle Royale. Proceedings of the Royal 

Society of London B 271:183-189.  



  
 

142 
 

Wakefield S, Attum O. 2006. The effects of human visits on the use of a waterhole by 

endangered ungulates. Journal of Arid Environments 65(4):668-672.  

Waldrop TA, Goodrick SL. 2012. Introduction to Prescribed Fire in Southern Ecosystems. 

US Department of Agriculture Forest Service, Asheville, NC.  

Walker AR, Bouattour A, Camicas J-L, Estrada-Peña A, Horak IG, Latif AA, Pegram RG, 

Preston PM. 2003. Ticks of domestic animals in Africa: a guide to identification of species. 

University of Edinburgh.  

Wato YA, Heitkönig IMA, van Wieren SE, Wahungu G, Prins HHT, van Langevelde F. 

2016. Prolonged drought results in starvation of African elephant (Loxodonta africana). 

Biological Conservation 203:89-96.  

Weeber J, Hempson GP, February EC. 2020. Large herbivore conservation in a changing 

world: Surface water provision and adaptability allow wildebeest to persist after collapse 

of long-range movements. Global Change Biology 26:2841-2853.   

Wesonga FD, Orinda GO, Ngae GN, Grootenhuis J. 2006. Comparative tick counts on 

game, cattle and sheep on a working game ranch in Kenya. Tropical Animal Health and 

Production 38:35-42.    

Westlake SM, Mason D, Lázaro-Lobo A, Burr P, McCollum JR, Chance D, Lashley MA. 

2020. The magnet effect of fire on herbivores affects plant community structure in a 

forested system. Forest Ecology and Management 458:117794.  

White A, Gaff H. 2018. Review: Application of Tick Control Technologies for Blacklegged, 

Lone Star, and American Dog Ticks. Journal of Integrated Pest Management 9(1):12.  

Wilson DE, Mittermeier RA. 2011. Handbook of the Mammals of the World, Vol. 2: Hoofed 

Mammals. Lynx Edicions. 664pp.  

Wilson ML. 1986. Reduced abundance of adults Ixodes dammini (Acari: Ixodidae) 

following destruction of vegetation. Journal of Economic Entomology 79:693-696.  



  
 

143 
 

Winiarski KJ, Miller DL, Paton PWC, McWilliams SR. 2014. A spatial conservation 

prioritization approach for protecting marine birds given proposed offshore wind energy 

development. Biological Conservation 169:79-88.  

Wittemyer G, Rasmussen HB, Douglas-Hamilton I. 2007. Breeding phenology in relation 

to NDVI variability in free-ranging African elephant. Ecography 30:42-50.  

Wood SN. 2003. Thin-plate regression splines. Journal of the Royal Statistical Society 

(B) 65(1):95-114.  

Wood SN. 2006. Generalized Additive Models: An Introduction with R. Boca Raton: 

Chapman and Hall.  

Wood SN. 2011. Fast stable restricted maximum likelihood and marginal likelihood 

estimation of semiparametric generalized linear models. Journal of the Royal Statistical 

Society (B) 73:3–36.  

Wood SN. 2017. Generalized Additive Models An Introduction with R (Second Edition). 

CRC Press. 476pp.  

Wood SN. 2019. Mixed GAM Computation Vehicle with Automatic Smoothness 

Estimation. Online documentation of R. https://cran.r-

project.org/web/packages/mgcv/mgcv.pdf  

Wood, SN, Bravington MV, Hedley SL. 2008. Soap film smoothing. Journal of the Royal 

Statistical Society: Series B (Statistical Methodology) 70(5):931-955.  

Wood, SN. 2003. Thin-plate regression splines. Journal of the Royal Statistical Society 

(B) 65(1):95-114.  

Woolnough AP, du Toit JT. 2001. Vertical zonation of browse quality in tree canopies 

exposed to a size-structured guild of African browsing ungulates. Oecologia 129:585-590.   

Yarnell RW, Scott DM, Chimimba CT, Metcalfe DJ, 2007. Untangling the roles of fire, 

grazing and rainfall on small mammal communities in grassland ecosystems. Oecologia 

154:387-402.  



  
 

144 
 

Young KD, van Aarde RJ. 2010. Density as an explanatory variable of movements and 

calf survival in savanna elephants across southern Africa. Journal of Animal Ecology 

79:662-673.  

Zida D, Tigabu M, Sawadogo L, Oden PC. 2005. Germination requirements of seeds of 

four woody species from the Sudanian savanna in Burkina Faso, West Africa. Seed 

Science and Technology 33(3):581-593. 

Zimov SA. 2005. Pleistocene Park: Return of the Mammoth’s Ecosystem. Science 

308(5723):796-798. 

  



  
 

145 
 

APPENDIX 

 

Common Warthog (Phacochoerus africanus) | ©Nicolás Fuentes-Allende 

 

 



  
 

146 
 

Table A2.1. Total large herbivores hunted and captured to sell during study period (2016-2018). “M” refers to male, “F” to 

female, “TH” to total hunted, “C” to captured. 

Species Scientific name 
2016   2017   2018 

M F TH C   M F TH C   M F TH C 

African Buffalo Syncerus caffer 0 0 0 0   0 0 0 0   1 0 1 0 

Blesbok 
Damaliscus pygargus 
phillipsi 

26 4 30 0   41 62 103 61   33 28 61 35 

Blue Wildebeest Connochaetes taurinus 61 46 107 40   26 49 75 52   45 50 95 50 

Common Duiker Sylvicapra grimmia 0 0 0 0   0 1 1 0   0 0 0 0 
Common Eland Taurotragus oryx 4 0 4 2   6 7 13 5   4 2 6 0 
Common Warthog Phacochoerus africanus 0 2 2 0   4 4 8 0   6 4 10 0 

Gemsbok Oryx gazella 2 1 3 0   1 2 3 0   0 3 3 0 

Giraffe Giraffa camelopardalis 1 0 1 0   0 1 1 0   0 0 0 0 

Greater Kudu Tragelaphus strepsiceros 9 9 18 4   12 13 25 9   3 2 5 5 
Impala Aepyceros melampus 30 4 34 0   39 6 45 0   48 39 87 42 
Ostrich Struthio camelus 0 0 0 0   1 1 2 0   1 0 1 0 

Plains Zebra Equus quagga 47 11 58 0   8 26 34 27   15 16 31 18 

Red Hartebeest 
Alcelaphus buselaphus 
caama 

3 3 6 0   3 7 10 4   13 14 27 19 

Sable Antelope Hippotragus niger 0 0 0 0   0 0 0 0   1 0 1 0 
Southern 
Reedbuck Redunca arundinum 

2 1 3 0   2 0 2 0   2 1 3 0 

Tsessebe Damaliscus lunatus 1 1 2 0   3 0 3 0   3 2 5 0 
Waterbuck Kobus ellipsiprymnus 4 1 5 0   5 13 18 14   3 15 18 14 

Total 190 83 273 46   151 192 343 172   178 176 354 183 
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Table A2.2. Description of models selected for female blue wildebeest. “edf” is effective 

degrees of freedom, “Ref.df” is reference degrees of freedom, “ML” is marginal likelihood, 

“Scale est.” is estimated scale parameter, “n” is sample size, and “ind” is number of 

different individuals. 

s(week) Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 1.0059 0.01868 53.84 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 

s(week) 3.014 3.531 22.5 
7.74E-

10 

s(ind id) 4.488 5 13.68 
5.47E-

09 
  R-sq(adj) ML Scale est n ind 
  0.791 -72.288 0.0008806 40 6 

s(ndvi 2 
months) 

Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 1.0072 0.01788 56.34 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 

s(ndvi 2 months) 5.963 6.953 11.94 
1.95E-

08 

s(ind id) 4.486 5 13.14 
1.54E-

08 
  R-sq(adj) ML Scale est n ind 
  0.797 -65.994 0.0008569 40 6 
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Table A2.3. Description of models selected for female greater kudu. “edf” is effective 

degrees of freedom, “Ref.df” is reference degrees of freedom, “ML” is marginal likelihood, 

“Scale est.” is estimated scale parameter, “n” is sample size, and “ind” is number of 

different individuals. 

s(week) Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 0.99374 0.01744 57 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 
s(week) 8.088 8.772 25.98 <2e-16 

s(ind id) 27.368 28 62.1 <2e-16 

  R-sq(adj) ML Scale est n ind 
  0.837 -603.83 0.001794 389 29 

s(ndvi 2 
months) 

Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 0.99233 0.01698 58.43 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 
s(ndvi 2 months) 4.338 5.35 18.53 <2e-16 

s(ind id) 27.191 28 47.57 <2e-16 

  R-sq(adj) ML Scale est n ind 
  0.791 -570.06 0.002297 389 29 
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Table A2.4. Description of models selected for male greater kudu. “edf” is effective 

degrees of freedom, “Ref.df” is reference degrees of freedom, “ML” is marginal likelihood, 

“Scale est.” is estimated scale parameter, “n” is sample size, and “ind” is number of 

different individuals. 

s(week) Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 0.99088 0.04231 23.42 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 
s(week) 6.028 7.183 19.36 <2e-16 

s(ind id) 9.892 10 117.81 <2e-16 

  R-sq(adj) ML Scale est n ind 
  0.946 -112.04 0.0008442 70 11 

s(rain 
freq 2 
months) 

Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 1.00504 0.03639 27.62 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 
s(rain freq 2 
month) 

1 1 18.18 
7.03E-

05 
s(ind id) 9.676 10 41.31 < 2e-16 

  R-sq(adj) ML Scale est n ind 
  0.859 -95.573 0.0022137 70 11 
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Table A2.5. Description of models selected for female red hartebeest. “edf” is effective 

degrees of freedom, “Ref.df” is reference degrees of freedom, “ML” is marginal likelihood, 

“Scale est.” is estimated scale parameter, “n” is sample size, and “ind” is number of 

different individuals. 

s(week) Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 0.98167 0.02318 42.35 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 

s(week) 3.864 4.667 21.59 
8.04E-

15 
s(ind id) 8.65 9 30.71 < 2e-16 

  R-sq(adj) ML Scale est n ind 
  0.778 -155.82 0.0014221 96 10 

s(ndvi 2 
months) 

Parametric 
coefficients Parametric term Estimate Std. Error 

t. 
value 

Pr(>|t|) 

  Intercept 0.98296 0.02286 43.01 <2e-16 
Approx 
significance 
smooth 
terms 

Smooth term edf Ref.df F p-value 

s(ndvi 2 months) 1 1 82.24 
1.85E-

15 
s(ind id) 8.605 9 26.78 < 2e-16 

  R-sq(adj) ML Scale est n ind 
  0.752 -157.14 0.0015899 96 10 
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Figure A3.1. Q-Q plots of selected detection functions, where a) blesbok, b) 

duiker/steenbok, c) eland, d) gemsbok, e) giraffe, f) red hartebeest, g) impala, h) great 

kudu, i) ostrich, j) reedbuck, k) white rhino, i) tsessebe, m) warthog, n) waterbuck, o) blue 

wildebeest, p) zebra. Name of model selected / Cramer-von Mises p-value are indicated 

at upper side of each plot. 
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Figure A3.2. Distribution of the coefficient of variation for blesbok, duiker, eland, gemsbok 

and giraffe (columns) for each sampling campaign (rows). 
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Figure A3.3. Distribution of the coefficient of variation for red hartebeest, impala, greater 

kudu, ostrich and reedbuck (columns) for each sampling campaign (rows). 
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Figure A3.4. Distribution of the coefficient of variation for white rhino, steenbok, tsessebe, 

warthog, blue wildebeest and zebra (columns) for each sampling campaign (rows). 
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Figure A3.5. Spatial abundance of blesbok, duiker, eland, gemsbok and giraffe (columns) 

for each sampling campaign (rows). Values at the right of each map indicate total 

abundance predicted for the sampling campaign. Intensity of red indicates number of 

animals per segment. 



  
 

156 
 

Figure A3.6. Spatial abundance of red hartebeest, impala, kudu, ostrich and reedbuck 

(columns) for each sampling campaign (rows). Values at the right of each map indicate 

total abundance predicted for the sampling campaign. Intensity of red indicates number 

of animals per segment. 
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Figure A3.7. Spatial abundance of white rhino, steenbok, tsessebe, warthog, blue 

wildebeest and zebra (columns) for each sampling campaign (rows). Values at the right 

of each map indicate total abundance predicted for the sampling campaign. Intensity of 

red indicates number of animals per segment. 
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Figure A4.1. Best path diagram of the hypothesized structural equation model for the 

global model, dry season data, and wet season data, where arrows indicate pathways 

going from explanatory to response variables. Dashed black line encloses variables 

affected by burn-age. Plus and minus signs indicate positive and negative correlation 

between variables, respectively. 
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